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Summary 

Human and natural activities lead to continuous change of plant communities, called 

succession, which is the focus of interest after disturbances. If the vegetation cover and any 

legacy effect are completely removed from an area, for example, by a volcanic eruption or 

mining activities, the process of vegetation development is called primary succession. Primary 

succession often takes decades, but active management practices, like plantations, hasten the 

development of vegetation cover. The long-term effects of management practices are unclear, 

due to the uncertainty surrounding successional processes, and because stochastic effects 

cause divergent trajectories. 

 The aim of this research was to detect long-term trajectories after primary succession, 

and examine the effects of scale, management history, and stochastic effects after volcanic 

eruptions. For this purpose, three eruptions sites of Mount Usu, an active volcano in northern 

Japan, were studied by combining remote sensing and field surveys. The three eruptions sites 

studied were Yosomi (1910 eruption), the summit (1977-78), and Konpira (2000). The first 

two chapters used remote sensing to observe landscape scale processes and to address the 

shortcomings of traditional field survey methods. However, remote sensing is unable to detect 

the community species composition and abiotic factors, which are the focus of previous 

research on Mount Usu. Therefore, to examine species composition and environmental factors, 

and to maintain comparability with previous studies, Chapters 3 and 4 are based on traditional 

field surveys. 

 Chapter 1 focused on vegetation patch dynamics at the summit and at Konpira, and 

used remote sensing to quantify patch development by developing a novel approach, called 

imagery chronosequence. The scale of eruptions was larger at the summit than at Konpira, 

and the large disturbance and harsh environment slowed patch development at the summit, 

where the patches remained sparsely vegetated, especially on steep slopes. At the smaller 

Konpira site patch growth was quick and not restricted by slope steepness, and in contrast to 

the summit, almost the whole area became revegetated by the end of the study. 

 In Chapter 2, plant community diversities were evaluated by using remotely-sensed 

(spectral) diversities, examining the effect of image resolution and spectral plot size (extent) 

on the spectral diversities. Two different field layer diversities, canopy and total diversities at 

the Yosomi and summit, were estimated by the spectral indicators, testing multiple 

combinations of field indices and spectral diversities. Spectral indicators developed from the 

low resolution image (approximately 3 m) and from the same spectral plot size as the field 

plot (narrow extent) correlated strongly with field indices, especially if calculated from the 

first principal component axis. The canopy and total diversities were evaluated similarly, with 

evenness and true diversity indices being estimated best. 

 Chapter 3 compared forest types either developed by succession or from plantations at 

Yosomi and the summit. Species composition, plant richness, and diversity were measured by 

field surveys during 2015–2019. The canopy was more diverse, but the herb layer was less 

diverse at Yosomi than at the summit. Richness and diversity were higher in natural forests 
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than in plantations, but variance was lower. The species composition remained distinct in the 

plantations, often preventing the immigration of native species, indicating that management 

history had larger impact than stochastic effects on successional trajectories. 

 Species diversity is affected by abiotic factors, such as soil nutrients, temperature, and 

light competition. The impact of abiotic factors on forest development was examined in 

Chapter 4 via analysing soil nutrients, seedbank, temperature and light intensity of the forests. 

The soil conditions did not vary greatly among the sampling locations, apart from a plantation 

where Alnus spp. were established. Alnus spp. are good nitrogen-fixers, and the plantation had 

increased levels of soil nitrogen compared to the other forests. Plantations had also higher 

seed density, diversity, and percentage similarity at the summit than natural forests. 

Temperature did not differ between the forest types, but the summit forests had higher light 

intensity. Thus, nitrogen-fixing species and light conditions separated forests and had a larger 

effect than soil chemistry and temperature on vegetation composition and succession. 

 In conclusion, the imagery chronosequence and spectral diversities evaluated 

successional developments well on large scales and in various forests across Mount Usu. The 

remote sensing was complemented by field surveys, which established the diversity 

relationships of canopy and herb layers and also detected edaphic and light conditions. Active 

management strategies, such as the plantation of woody species, had larger impact than 

stochastic processes, and often resulted in decreased diversity compared to naturally 

recovered forests. However, if plantations would be carried out following a mosaicked spatial 

pattern instead of planting contiguous areas, they may enhance patch dynamics and promote 

recovery after large scale disturbances. As successional processes are comparable between 

distant geographic locations, the combination of remote and field observations can examine 

vegetation and patch dynamics after various disturbances on landscape scale, focusing field 

surveys on areas where successional developments deviate from expectations. 
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General introduction 

Severe disturbances destroy vegetation cover and subsequent successional developments take 

decades to restore the communities and ecosystems (Prach and Walker 2020). Succession can 

lead to undesirable communities; therefore, to restore high quality habitats, interventions may 

be needed (Perrow and Davy 2002). Restoration practices can be divided into passive and 

active management, depending on the level of involvement to accelerate revegetation. Passive 

restoration intervenes minimally or not at all in natural processes, while active restoration 

includes a range of practices (e.g., seeding, planting, mowing) that hasten revegetation, but 

the resultant community is often far from the former vegetation (Mansourian, Vallauri, and 

Dudley 2005). Clarifying successional processes after natural disturbances is important to 

understand revegetation dynamics and to help identify suitable management practices to 

decrease the risk of adverse events such as landslides and biological invasion (Gilbert and 

Anderson 1998; Prach and Hobbs 2008; Young, Petersen, and Clary 2005). This dissertation 

examined the successional outcomes on Mount Usu, an active volcano with regular eruptions 

in Japan (Katsui, Yokoyama, and Murozumi 1981), with the aim to compare the impacts of 

scale, management practices, and stochastic effects on different eruption sites. 

Mount Usu is part of the few volcanoes of the world which are well-studied from a 

successional point of view. The 1977-78 eruption site received much attention (Haruki and 

Tsuyuzaki 2001; Tsuyuzaki 1987, 2019) and recently the 2000 eruption site has also been 

studied (Obase et al. 2008; Otaki, Takeuchi, and Tsuyuzaki 2016). However, the older 1910 

eruption site is not well researched, and comparative analysis of the different eruption sites is 

also lacking. Observing the outcomes of primary succession after longer time-periods is 

important to understand the impact of management practices and stochastic effects (del Moral 

2010). The present study addressed these issues. 

 Monitoring succession by field observations is restricted by the spatial and temporal 

extent of the recovery (Irl et al. 2019; Sutomo, Hobbs, and Cramer 2011). The combination of 

field and remote surveys diminishes the risk of overlooking spatial characteristics (White, 

Cornett, and Wolter 2017), and temporal developments can be examined by creating a time-

series from images. Since the increased availability of high quality satellite images, many 

ecological studies have incorporated remote observations into their study design (Meiners et 

al. 2015; Turner et al. 2003; Wang and Gamon 2019).  
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In Chapter 1, I used aerial and satellite images to understand vegetation development 

and patch dynamics after the 1977-78 and 2000 eruptions of Mount Usu. The eruptions 

occurred at different locations and spatial scales at the mountain, and because revegetation is 

affected by the type, intensity, and scale of the disturbance (Prach and Walker 2020), the two 

sites were suitable to examine vegetation patch developments. Changes in vegetation cover 

has been analysed by following pixel-by-pixel alterations in a wide geographic range (De 

Rose et al. 2011; De Schutter et al. 2015; Lawrence and Ripple 2000), but the single pixel 

based approach does not take into consideration the impact of vegetation patches. Vegetation 

patches form habitats protecting the plants from the harsh environment and often facilitate the 

survival of later successional species (Tirado, Pugnaire, and Eriksson 2005). Hence, 

vegetation patches are important for determining vegetation development patterns. By 

creating an imagery chronosequence from aerial and satellite images, Chapter 1 analysed the 

location, size, and vegetation density of early successional vegetation patches to understand 

their impact in relation to the scale of disturbance. 

Chapter 2 turns from remote sensing of patch dynamics to remote sensing of plant 

diversities at the 1910 and 1977-78 eruption sites of Mount Usu. Remotely sensed diversity 

indicators, also called spectral diversities, measure the spectral heterogeneity of the surface. 

According to the spectral variation hypothesis, spectral heterogeneity positively correlates 

with surface heterogeneity, and greater surface heterogeneity increases species diversity 

(Palmer et al. 2002). Spectral diversities can map large areas, assisting the selection of 

suitable areas for research (Kerr and Ostrovsky 2003; Peng et al. 2012). Because spectral 

diversities are site-specific, studies are needed to develop a common set of tools to measure 

diversity (Skidmore et al. 2015; Warren et al. 2014). Chapter 2 compared field diversity 

indices with spectral diversity indicators calculated from four combinations of image 

resolutions and spectral plot areas and aimed to identify the requirements for calculating 

effective spectral diversity indicators to estimate field diversity indices. 

Although remote sensing provides promising new research opportunities, local effects 

and abiotic conditions are hard to detect by it. Therefore, field surveys are required to validate 

and support remote analysis (Feilhauer et al. 2014). In addition, as previous studies were 

carried out by field surveys on Mount Usu, continuity and comparability of past observations 

with present ones could not have been granted without examining diversity and species 

composition in situ. Thus, Chapter 3 and 4 applied traditional monitoring methods to facilitate 

the validation and incorporation of remote surveys. 
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Chapter 3 compared the diversities and species compositions of forests either 

developed by natural succession or originated by human interventions at the 1910 and 1977-

78 eruption sites based on field surveys between 2015 and 2019. A common approach is to 

use space for time substitution (chronosequence) when studying succession: research sites are 

ordered by their lag since the disturbance, assuming identical developmental trends (Cutler, 

Belyea, and Dugmore 2008; Irl et al. 2019). This assumption is questioned recently (Prach 

and Walker 2020), because even geographically close areas experience different management 

practices and stochastic events. By comparing the characteristics of the forests at the eruption 

sites, Chapter 3 aimed to understand the effects of human interventions and stochastic events 

at an early and a mature successional stage to assist future management practices. 

While Chapter 3 engaged in the aboveground characteristics of the research plots, 

Chapter 4 examined the underground characteristics: the soil chemical composition, seedbank, 

and further two abiotic factors, the light intensity and temperature. Nutrient limitation plays a 

major role in the early stages of succession (Bishop et al. 2010; Hulshof and Spasojevic 2020), 

but facilitating species can improve the soil chemical composition, especially the nitrogen 

content of the soil, thus enhancing succession (Kamijo et al. 2002; Titus 2009). Additionally, 

the rate of succession is accelerated by the exposure of the old topsoil and its seedbank 

(Tsuyuzaki 1995; Tsuyuzaki and Haruki 1996a), although standing species often control the 

emergence of seedlings (Kardol et al. 2007; van der Putten et al. 2013). Extreme temperatures 

and light competition also affect the establishment and survival of seedlings from the 

seedbank (Brooker and Callaghan 1998; Uesaka and Tsuyuzaki 2005). Chapter 4 aimed to 

examine the differences in the soil chemistry, seedbank, and microclimate of the forests to 

determine their influence on the observed species diversity. 

Mount Usu is part of the Shikotsu-Toya National Park (NP) and the Toya-Usu 

UNESCO Global Geopark. It is a popular tourist destination not only because of its natural 

beauty, but also because of its proximity to the hot spring resort town Toyako. Managing the 

forests on the mountain has to be done by balancing the needs of nature protection and 

humans who are connected to the NP, either by living nearby or visiting it (Sakurai 2019). 

The research presented here aims to help managing primary succession when needed, to 

ensure that the vegetation is restored for the dual benefit of the ecosystem and people. 
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 Mount Usu 

Mount Usu is a basalt-andesite stratovolcano in Hokkaido Island, northern Japan (42°32’N, 

140°50’E, 733 m elevation, Photo 1), belonging to the Nasu Volcanic Group (Oba 1966). 

After an active pre-historic period, it was dormant until 1663; since then, it had erupted every 

30-50 years in different locations across the mountain (Katsui et al. 1981, Figure 1). The 

eruptions usually destroyed the plants in their immediate vicinity, but the surrounding 

vegetation survived despite tephra accumulation (Tsuyuzaki 1987; Obase et al. 2008). The 

mountain belongs to a temperate zone, with an average annual precipitation of 891 mm and 

annual mean temperature of 8°C during 1976-2018 (Date Meteorological Station at 5 km 

from Usu; JMA 2019). The climax vegetation is deciduous oak or mixed broad-leaved forests 

in the lowlands of this region, including Mount Usu (Okitsu 2003). 

Because Toyako Town is in constant risk of getting damaged from the eruptions, 

artificial revegetation, building of erosion control dams, and other protection countermeasures 

were established on and around the mountain over time. In addition, trails and tourism-related 

facilities are established, especially at the 1944-45 eruptions site and the 2000 eruption site. 

The 1944-45 eruptions site is surrounded with non-native vegetation and is one of the local 

touristic attractions. Therefore, successional processes could not be followed there and the 

area was excluded from the research. 

Three eruption sites were examined in this study: Mount Yosomi, which was denuded 

by the 1910 eruption; the summit, destroyed by the 1977-78 eruptions; and Konpira, which 

suffered from the 2000 eruptions (Table 1, Figure 1). As a result of the different eruptions and 

management activities, a mosaic of plant communities, including forests, developed at various 

successional stages on Mount Usu. The forest types studied in Chapter 2–4 were identified by 

satellite and aerial images from 1972 to 2015 (Table 2). 

 At Yosomi (1910 eruption), three forest types were examined: a broadleaf forest 

(mainly Populus suaveolens and Acer pictum spp., nomenclature follows Iwatsuki 1993), an 

Abies spp. plantation from 1971 (Forest Agency of Japan, pers. comm.), and an old Abies 

plantation from 1952, which were invaded by broadleaved species (Abies sachalinensis and 

Alnus hirsuta). These three forest types are called Broadleaf, Picea (with roman letters), and 

Mixed forest (Photo 2). 

At the summit, four forest types were studied: Closed-broadleaf forest (Populus 

suaveolens and Acer pictum spp.), Open-broadleaf forest (Populus suaveolens and Salix spp.), 
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a broadleaf plantation of Sorbus commixta, Alnus spp., and Betula platyphylla forest (Sorbus-

Alnus forest), and a Picea glehnii plantation from 1992 (Picea forest, Photo 3). The Closed- 

and Open-broadleaf forests were separated by their location and by the different light intensity 

levels in them; the Open-broadleaf forest had higher light intensity. The Sorbus-Alnus forest 

is not listed as an official plantation in the forest registry, but the signs of erosion dams and 

trees growing in rows on top of the dams indicate human planting. 

The forests did not change much during the study period, but some plots were affected 

by a typhoon in 2016. Several trees fell in the Mixed and Sorbus-Alnus forests, and because 

of the damage, four plots in the Mixed forest could not be monitored from 2017.
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Photo 1 Mount Usu viewed from the north and its location in Hokkaido (subset map). The 

highest elevation is a peak called O-Usu (733 m). In the foreground are Lake Toya and 

Toyako town. 

 

 

Figure 1 Locations of the last four major eruptions on Mount Usu. See also Table 1. 
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Table 1 List of eruptions and their location name used during the study. 

Eruption year Location name Sections involved 

2000 Konpira Chapter 1 

1977-78 Summit Chapters 1–4 

1910 Yosomi Chapters 2–4 

 

 

Table 2 List of aerial and satellite images used to identify the boundaries of eruptions and 

forest types. 

Source Bands Resolution 

(m) 

Date 

 

Satellite Aerial 

  
USGS* LandSat 1 

 

G, R, NIR-1, NIR-2 60 29 Aug 1972 

GSI** 

 

Plane B, G, R 

 

24 Sep 1976 

USGS 

LandSat 2 

 

G, R, NIR-1, NIR-2 60 19 Sept 1980 

LandSat 5 

 

B, G, R, NIR(3), Thermal 30 10 Aug 1985 

LandSat 5 

 

B, G, R, NIR(3), Thermal 30 08 Aug 1990 

LandSat 5 

 

B, G, R, NIR(3), Thermal 30 23 Sept 1995 

GSI 

 

Plane Panchromatic 

 

18 Jul 1995 

USGS LandSat 5 

 

B, G, R, NIR(3), Thermal 30 24 Aug 1996 

GSI 

 

Plane B, G, R 

 

14 Aug 2000 

DigitalGlobe 
QuickBird 

 

B, G, R, NIR 2.4 08 Sep 2006 

IKONOS-

2 

 

B, G, R, NIR 3.2 01 Aug 2014 

GSI 

 

Plane B, G, R 

 

21 Jun 2015 

*United States Geological Survey 

   
**Geospatial Information Authority of Japan 
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Photo 2 Forest types at Yosomi, recovered after the 1910 eruptions. (a) Broadleaf forest, (b) 

Abies forest, (c) Mixed forest. The photos were taken between June–August 2015. 
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Photo 3 Forest types at the summit, recovered after the 1977-78 eruptions. (a) Closed-

broadleaf forest, (b) Open-broadleaf forest, (c) Sorbus-Alnus forest, (d) Picea forest. The 

photos were taken between July–August 2015. 
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Chapter 1 Comparison of vegetation patch dynamics after the 

eruptions of the volcano Mount Usu in 1977-78 and 2000, detected 

by imagery chronosequence 

 Abstract 

Vegetation patch dynamics were analysed to detect vegetation development patterns after 

eruptions at two sites (summit destroyed in 1977-78, and a foothill, Konpira destroyed in 

2000) on the volcano Mount Usu, in northern Japan. Aerial photos and satellite images taken 

in 2000, 2006, and 2014 were used to develop an imagery chronosequence of vegetation patch 

dynamics. Vegetation patches were identified by the Normalized Difference Vegetation Index 

(NDVI) for satellite images, and by the Normalized Green-Red Difference Index (NGRDI) 

for aerial photos. The vegetation patch types were categorized based on whether the patches 

overlapped (touching) or not (isolated) with the future vegetation patches and whether their 

area increased (growing) or decreased (shrinking). Afterwards, patch dynamics were 

compared between the two sites through changes in patch types, dense vegetation, and patch 

growth with slope degree, elevation, and time. Isolated patches were established more at the 

summit and showed high mortality, while at Konpira most isolated patches survived until 

2006 and merged into touching patches by 2014. Moreover, the vegetation density of patches 

was higher at Konpira than at the summit. Patch growth was associated with patch types at 

both sites. However, the time was more important for the patch dynamics at the summit, and 

the vegetation density affected the dynamics more at Konpira. Therefore, the two sites had 

different vegetation patch dynamics, which were related to the characteristics of topography 

and eruptions. In conclusion, the imagery chronosequence proposed in this study monitored 

patch dynamics well, and patches developed faster at Konpira.
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1.1 Introduction 

Succession is studied through the chronosequence approach, though caution should be taken 

with interpretation, because of the exclusion of stochastic and unpredictable processes, and 

the assumption of homogenous successional sere (Buma et al. 2019; Johnson and Miyanishi 

2008). Therefore, long-term monitoring of permanent plots is crucial to detect spatio-temporal 

vegetation changes to compensate the weakness of the chronosequence approach (Fischer et 

al. 2019). However, long-term field monitoring is constrained by time consumption and 

inaccessibility, particularly on volcanoes. In addition, vegetation patch dynamics should be 

investigated on a large scale, such as at landscape level, when large areas are disturbed (Prach 

and Walker 2020). 

Harsh environments formed by catastrophic disturbances restrict plant colonization 

and establishment (Chapin and Bliss 1989). Vegetation patches, defined as clusters of plants 

(Pickett and White 1985), alleviate the harsh environments, particularly in the early stages of 

succession, although the role of vegetation patches in revegetation are unclear (Prach and 

Walker 2020). The impact of vegetation patches on plants in and around the patches is 

positive (facilitation) or negative (inhibition), and is dependent on the size and growth rate of 

the patch-forming plants (Brooker et al. 2008). Therefore, clarifying vegetation patch 

dynamics is key to predicting the trajectory of succession. 

Remote sensing is capable to investigate vegetation patch dynamics at landscape level 

(White et al. 2017). For example, time-series satellite images from the first 15 years after the 

1980 catastrophic eruption on Mount St. Helens, USA, detected that disturbance intensity 

affects the pattern and pace of revegetation (Lawrence and Ripple 2000). So far, remote 

analyses have mostly been conducted at pixel level (De Rose et al. 2011; De Schutter et al. 

2015). 

When such time-series analysis of remotely sensed data is applied to investigate 

vegetation patch dynamics, the dynamics may be clarified in more detail at landscape level. 

However, there are some obstacles when creating time-series analysis: high resolution images 

are often not available from the same sensor for long periods and there are inaccuracies when 

overlaying images which hinder pixel level comparisons. To reduce these disadvantages, I 

investigated vegetation patch dynamics by images obtained from different platforms and 

focused on clusters of pixels. Here, this approach is called imagery chronosequence. The 

combination of images from various sensors, i.e., aerial and satellite images, provides high 
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resolution, long-term coverage. Using clustered pixels reduces the inaccuracies of images and 

also improves the analysis of vegetation patches. A vegetation patch includes multiple plants, 

and changes in the size and vegetation density can be followed at cluster level but not at 

single pixel level. 

Vegetation density within patches, which is often evaluated by vegetation indices 

(VIs), increases during the early to middle stages of succession, then decline again with aging, 

if the environments are unsuitable (Cipriotti and Aguiar 2015). This indicates that vegetation 

density is diverse even for the same patch size and is related to vegetation patch dynamics. In 

addition, the numbers of newly established and persevering patches are affected by geological 

factors, represented by elevation and slope degree (Tsuyuzaki 1995; Walker and del Moral 

2003). Therefore, vegetation patch dynamics were analysed by variations in the number, size, 

and vegetation density of patches in relation to elevation and slope degree on each patch. 

The first aim of this study was to examine the applicability of imagery 

chronosequence using different sources of images; and the second one was to evaluate 

vegetation patch dynamics. Vegetation patches were defined as surrounded by bare ground 

and their vegetation could be sparse, dense, or a mix of sparse and dense vegetation. Patch 

dynamics were examined by the growth and changes in vegetation density of the patches, with 

two abiotic factors: elevation and slope degree, both of which were plausible to determine 

vegetation patch dynamics. To confirm these, two eruption sites on Mount Usu, northern 

Japan, were used. 

1.2 Methods 

1.2.1 Study area 

The last two eruptions of Mount Usu occurred at different sites, at the summit in 1977-78 and 

at a foothill called Konpira in 2000. The major volcanic ejecta were volcanic ash and pumice 

at the two sites (Obase et al. 2008; Tsuyuzaki 1989a). The eruptions denuded both areas, 

although the eruption scale was smaller at Konpira (Table 1.1). The summit is 340 m higher 

in elevation than Konpira, and was covered with seeded pastures and broad-leaved forests 

dominated by pioneer trees prior to the eruptions (Tsuyuzaki 1987). Natural revegetation 

occurred mostly by vegetative reproduction of large perennial forbs soon after the eruptions 

(Tsuyuzaki 1989a), which were then replaced by broadleaved forests. Konpira was covered 

mostly with broad-leaved forests and plantations of needle-leaved trees before the eruptions 
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(Obase et al. 2008), and the revegetation has been promoted mostly by pioneer forbs and trees 

until now. 

1.2.2 Analysis of aerial and satellite images 

Image analysis was carried out by ArcGIS (ver. 10.2, ESRI) in WGS 1984 UTM zone 54N 

projection system. The satellite images were acquired on 8 September 2006 (QuickBird, 

resolution 2.4 m) and 1 August 2014 (IKONOS, resolution 3.2 m), while the aerial 

photographs were taken on 14 August 2000 (obtained from the Geospatial Information 

Authority of Japan). The satellite images were ortho-rectified by the Digital Elevation Model 

provided by the Geospatial Information Authority of Japan (accuracy within 0.7 m, resolution 

6.2 m). After the ortho-rectification, a small misalignment remained between the images and 

was manually corrected by georeferencing the IKONOS image to the Quickbird image using 

zero order polynomial transformation (i.e., shifting the image). Afterwards, the digital 

numbers of the satellite images were converted to top of atmospheric reflectance (Krause 

2003; Taylor 2009). Because the aerial photographs lacked spatial reference, the photographs 

were georeferenced to the Quickbird image using geographical features (spline 

transformation). Finally, the Quickbird and aerial images were resampled to 3.2 m pixel 

resolution. 

The blue, green, red, and near-infrared (NIR) bands of the satellite images were used 

for calculating the Normalized Difference Vegetation Index (NDVI) = (NIR - red)/(NIR + 

red) (Rouse et al., 1974), and the blue, green, and red bands of the aerial images were used to 

calculate the Normalized Green-Red Difference Index (NGRDI) = (green - red)/(green + red) 

(Gitelson et al. 2002), depending on the wavelength range of the sensors; NDVI was used for 

satellite images and NGRDI for aerial photo images. I chose these indices because NDVI was 

shown to classify vegetation cover well fifteen years after the eruptions on Mount St. Helens 

(Lawrence and Ripple 1998), and because NGRDI is a good alternative to NDVI if NIR is not 

present (Rasmussen et al. 2016). However, to test the similarity of NDVI and NGRDI, both 

VIs were calculated from satellite images, and the Pearson’s correlation coefficient of pixel 

values was examined. 

Supervised maximum likelihood classification (37 training areas) on the VI images 

categorized land cover into no vegetation cover (bare ground and water surface), sparse, and 

dense vegetation cover. Sparse and dense vegetation cover was separated roughly by VIs, i.e., 

dense vegetation cover showed higher VI than sparse cover (Table 1.2). Vegetation patches 
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were separated by bare ground from each other, and the vegetation of the patches could be 

completely sparse, completely dense, or a mix of sparse and dense vegetation. Additionally, 

the field observations in 2014–15 confirmed that the sparse and dense vegetation cover 

consisted largely of short (mostly herbs and shrubs) and tall plants (mostly trees), respectively. 

However, further improvement was required as shown below. To eliminate misclassified 

pixels, the classified images were generalised by dissolving areas less than 3 pixels in size. 

Thus, the completed maps detected the locations and sizes of patches larger than 20 m
2
 that 

was covered by two pixels or more. The accuracy of patch classification was assessed by 

Kappa coefficients on randomly-selected points on the maps. In total, 100 and 200 points 

were selected at Konpira and the summit, respectively, in each image acquisition year, 2000, 

2006, and 2014. The Kappa coefficients were obtained by the confusion matrices of the 

relationships between classification by VIs and visual validation (Cohen 1960). Areas altered 

by erosion control works by the Forest Agency of Japan, such as artificial seeding, plantation 

and embankment, were removed from the completed maps. 

1.2.3 Measurements of patch characteristics 

The study was divided into two observation periods: the first observation period was from 

2000 to 2006 and the second was from 2006 to 2014. Finer temporal resolution could not be 

achieved due to the lack of images meeting the criteria for the study, but as vegetation 

recovery takes decades after volcanic eruptions, the length of census periods were suitable to 

observe patch dynamics. The vegetation patches were classified into two types, “touching” 

and “isolated” to investigate different dynamics between persisting and transient patches 

(Figure 1.1). Touching patches were defined as patches present throughout the observation 

periods, whereas isolated patches were present only at the first or final census during each 

period. When patches merged or split, the patches were handled as a patch group (touching), 

and the patch size was calculated as the sum of the area of the individual patches. 

Assuming patch shape to be circular, the annual growth was expressed by the change 

of radius: (radius of the final observation year – radius of the first year) / (years between the 

two observations). The radius was zero in the first or final observation year for isolated 

patches, as these patches either appeared or disappeared during the periods. Positive and 

negative annual growths indicated that the patches were “shrinking” and “growing”, 

respectively. Therefore, there were four categories of patch growth types: isolated and 

touching patches by shrinking and growing patches. The patch mortality during each period 
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was calculated by (the number of isolated patches disappeared by the end of period) / (the 

total number of patches). When analysing annual growth, patches whose growth was 

artificially restricted to zero (8 patches at the summit and 20 patches at Konpira) were 

excluded from the analyses. 

To consider the effect of initial patch size on patch dynamics, proportional change of 

area (rate of change) for touching patches was calculated as the geometric mean of the area at 

the start and end of the period. The vegetation density of the patches (%) was calculated as: 

(area of sparse vegetation cover) / (area of total cover) by 100. For touching patches, the 

vegetation density was averaged between the first and final year of the period. Slope degree 

and elevation on each patch was calculated from the digital elevation model using weighted 

mean within the patch, and was averaged for touching patches between the first and final year 

of the observation periods. 

1.2.4 Statistical analyses 

Generalized linear models (GLMs) were used to investigate the changes in vegetation patches, 

because of the non-normal distribution (Shapiro-Wilk normality test, P ≤ 0.01). The numbers 

of growing and shrinking patches were compared by GLMs with binominal distribution and 

logit link (Bates et al. 2015). The explanatory variables were eruption sites, patch types, and 

observation periods. Since the interactions between the explanatory variables were not 

significant, the interactions were not included in the analyses. Differences in slope degree, 

elevation, patch size and vegetation density on touching and isolated patches were compared 

between the two sites by Wilcoxon signed rank test and Kruskal-Wallis test, as these tests 

work without specifying the distribution. The ratio of newly vegetated areas to the total 

eruption areas showed normal distribution (Shapiro-Wilk normality test, P = 0.45) and was 

analysed with linear model (LM) using eruptions sites as explanatory variables. 

Because patches often increase their vegetation densities without changes in their sizes, 

vegetation density and patch growth were analysed separately. For investigating the factors 

affecting vegetation density of the patches, GLMs were used with logistic binomial regression 

on the respective eruption sites. When analysing the two sites together, the site was coded as a 

categorical variable. The explanatory variables were observation period, patch type, slope 

degree, and elevation. Fittest model to explain vegetation density of the patches was obtained 

by backward procedure. The initial model contained all the variables. Then, less significant 
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variables were removed until the model became stable, indicated by the F-values of analysis 

of variance. Significance level was adjusted to P < 0.01 to reduce Type I error. 

The annual growth of patches was transformed to absolute values and analysed by 

GLMs with Gamma distribution and log link. Including vegetation density as explanatory 

variable distorted the analysis at the summit, because 96% of the patches had sparse 

vegetation. Therefore, the explanatory variables at the summit were observation period, patch 

type, slope, and elevation. At Konpira, vegetation density was included among the variables. 

The interactions between the explanatory variables were also examined. The rate of change of 

touching patches was examined using the same variables and GLMs. The spatial-

autocorrelation of patch growth on the final model was examined by Moran’s I with the 

coordinates of the patches. Statistical analyses were carried out using R software (ver. 3.5.1, R 

Core Team, 2018). 

1.3 Results 

1.3.1 The accuracy of vegetation indices and classification 

The Pearson’s correlation coefficients (r) between NDVI and NGRDI of the same satellite 

images were higher than 0.85 in both 2006 and 2014 at the summit (P < 0.001, Table 1.3). 

Open water surfaces at Konpira were evaluated differently by the VIs, but removed from the 

analysis, r was 0.60 in 2006 and 0.90 in 2014, respectively (P < 0.001, Figure 1.2). Therefore, 

the vegetation patches identified by NDVI and NGRDI were comparable. 

The NGRDI-based patch distribution map of 2000 and the NDVI-based maps of 2006 and 

2014 had high classification accuracy (Table 1.4). The Kappa coefficients were 0.95, 0.98, 

and 0.99 for the 2000, 2006 and 2014 images, respectively. In addition, field observations of a 

subset of the sites (46 points at the summit and 17 points at Konpira) supported that 

misclassification was low. Hence, the location and vegetation density of patches were 

detected with high accuracy. 

1.3.2 Comparison of eruption sites 

The study area at the summit was 291 ha while that at Konpira encompassed 38 ha (Table 1.1). 

The slope degree of the sites averaged 25° with a maximum of 85° at the summit and 26° with 

a maximum of 88° at Konpira. Therefore, the slope degrees did not differ greatly between the 

two sites. 
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The numbers of growing and shrinking patches differed between the sites, patch types 

and observation periods (Table 1.5). The maximum patch densities at the summit were 

2.32/ha and 1.61/ha during 2000–2006 and 2006–2014, respectively. The densities at Konpira 

were 2.96/ha and 1.04/ha. The ratio of shrinking patches to the total was higher at the summit 

than at Konpira (GLM, P < 0.001, z = 5.9), but increased at both sites during the second 

period (P < 0.001, z = 5.7). The increased ratio of shrinking patches was due to the low 

number of growing isolated patches in the second period. Touching patches had a higher ratio 

of growing patches than isolated patches during the surveyed periods (P = 0.01, z = -2.5). 

Although the isolated patches outnumbered touching patches in both periods, the ratios of 

isolated patches decreased from the first to the second periods. The increased ratio of touching 

patches with the decrease in patch density at both sites indicated that a number of isolated 

patches in the first period merged by the end of second period, especially at Konpira. 

Slope degrees where the patches established were not different between the two sites 

(Table 1.5), but the elevation of patches was higher at the summit than at Konpira. Isolated 

patches established at lower elevation than the touching patches at the summit (Wilcoxon rank 

sum test, P < 0.001). The sizes of touching patches were comparable at the two sites, and 

were larger than isolated patches. In contrast, the isolated patches were smaller at the summit 

than at Konpira, although the statistical significance was low (P = 0.02). The touching patches 

developed more dense vegetation than the isolated patches at the two sites. However, the 

vegetation density of isolated patches at Konpira did not differ from that of the touching 

patches at the summit. While the difference between the mean of sparse cover ratios of 

isolated and touching patches was 7% at the summit, the mean was approximately 50% at 

Konpira. 

Patch establishment had already proceeded on the edges of the crater at the summit in 

2000 after the 1977-78 eruptions (Figure 1.3a). Afterwards, the patch establishment 

progressed to the centre of the crater, but the ratio of newly vegetated area was only 17% in 

the first and 3% in the second period (Figure 1.3b-d). Likewise, the patch establishment 

started on the edges of the crater at Konpira (Figure 1.3e-f). Since the eruption at Konpira 

occurred in 2000, the initial stage of patch establishment was clearly detected from 2000 to 

2014 (Figure 1.3e-h), and more areas became newly vegetated in the first and second periods 

with 40% and 37%, respectively, than at the summit (LM, P = 0.05, t = -4.1). At Konpira, 

83% of the area was covered with vegetation by 2014; while vegetation covered 57% of the 

summit leaving the central area largely bare. In addition, the patch mortality at the summit 
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was over 30% in both periods, while the mortality at Konpira was low, under 10%, during 

these periods. These results indicated that most isolated patches in the first period persisted 

and became touching patches in the second period at Konpira. 

1.3.3 Effects of topography on patch vegetation density 

GLM with logistic regression showed that at the summit, both elevation and slope degree 

negatively affected the vegetation density when the opposing factor was excluded (P < 0.05). 

As slope degree did not differ between isolated and touching patches (Table 1.5), the slope 

degree was retained in the model and elevation was discarded. The touching patches were 

significantly denser than isolated patches (P < 0.001, z = -4.8, df = 955). Both isolated and 

touching patches became sparsely vegetated as the slope degree increased at the summit, 

although the significance was low (P = 0.03, z = 2.2, df = 955, Figure 1.4a). The negative 

effect of slope was weak in the isolated patches, as their vegetation cover was sparse even on 

gentle slopes. These results indicated that steep slopes did not decrease patch establishment, 

but negatively affected the development of dense vegetation cover. 

At Konpira, only the patch type influenced vegetation density. The touching patches 

had denser vegetation than the isolated patches (P < 0.001, z = -4.7, Figure 1.4b), but period, 

elevation, slope degree, and patch size did not affect the vegetation density of the patches. 

1.3.4 Annual growth of patches 

Slope degree, patch size, and elevation did not affect the annual growth at the summit, but the 

patch type and observation period did (Table 1.6). The touching patches displayed faster 

positive or negative growth than the isolated patches (P < 0.001, t = 4.2, df = 946), while all 

patches showed slower size change during the second period (P < 0.001, t = -4.2). The 

decrease of annual growth was more pronounced for the touching patches than for the isolated 

patches in the second period (P < 0.001, t = -8.0). 

The elevation and patch size did not influence annual growth at Konpira, but in 

contrast to the summit, observation period and slope degree also did not affect growth. The 

annual growth of patches was determined by the patch type and vegetation density; the 

touching patches changed their area faster than the isolated patches (Table 1.6, P = 0.006, t = 

2.8, df = 100), and the dense patches, not depending on their type, grew faster than the sparse 

patches (P < 0.001, t = -3.9). 
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The annual growth was slower at the summit than at Konpira (GLM, P < 0.001, t = -

8.2, df= 1048). The difference was mainly due to the large variation of patch growth at 

Konpira (Figure 1.5), where a few touching patches grew fast due to multiple patches merging 

together. The residuals of the patch growth models did not show spatial auto-correlation at the 

summit and at Konpira (I = –0.003, P = 0.68 and I = 0.003, P = 0.41, respectively). 

Of the touching patches, the growing patches showed larger rate of change than the 

shrinking patches at the summit (GLM, P < 0.001, t = 11.4, df = 179). All patches decreased 

their rate of change during the second period (P = 0.003, t = -3.0). At Konpira, both slope 

degree and elevation had significant effects on proportional change. Steeper slopes showed an 

accelerated rate of change (P = 0.003, t = 9.4, df = 3), while higher elevation slowed the rate 

of change (P < 0.001, t = -26.7). Likewise to the summit, the growing patches increased their 

size quickly (P < 0.001, t = 18.5), and the rate of change of patches slowed during the second 

period (P < 0.001, t = -26.0). 

1.4 Discussion 

1.4.1 Applicability of imagery chronosequence 

The imagery chronosequence used in this study was accurate based on the high Kappa 

coefficients. This technique can be applied to various time-series analysis, although further 

improvement is desirable to objectively compare with field surveys, e.g., calibration with 

ground VI measurements. So far, pixel-based analysis has been popular for analysing 

vegetation (De Rose et al. 2011; Lawrence and Ripple 2000), partly due to the widespread 

availability of course resolution imagery. However, vegetation patches cannot be extracted 

from course resolution images. Since revegetation is often promoted by vegetation patches 

after large disturbances (Prach and Walker 2020), investigating vegetation patch dynamics on 

a large scale is important. The obstacle to examining patch dynamics is that good quality 

images captured over longer time periods are difficult to obtain (Loarie, Joppa, and Pimm 

2008). The imagery chronosequence introduced here removed this obstacle and succeeded in 

detecting vegetation patches. 

 However, this approach is limited if high resolution observations are required. 

Because the focus is on clusters of pixels, the resolution of the analysis decreases. Investing in 

more image pre-processing steps and validation efforts will resolve this issue. 
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1.4.2 The effects of environments on vegetation patch dynamics 

During the 15 years from 2000 to 2014, vegetation cover increased both at the summit and 

Konpira, progressing from the edges towards the centre of the craters. Both sites were 

surrounded by undamaged forests, and the vegetation recovery started from these refugia, a 

pattern also observed on Mount St. Helens (Lawrence and Ripple 2000). However, isolated 

patches farther from the edge did not persist at the summit, so the central area still retained 

bare lands, whereas isolated patches persisted at Konpira and the plant cover extended. 

This suggested that the proximity of plant sources induced fast immigration of plants 

in the early successional stages (Fuller and del Moral 2003; Makoto and Wilson 2016) and 

large disturbance scale slowed revegetation. Moreover, annual growth of the patches was 

slower and vegetation density of the patches was lower at the summit than at Konpira. 

Vegetation patches provide stable environments, protection from erosion and strong winds at 

high elevation (Marler and del Moral 2011; del Moral, Saura, and Emenegger 2010), although 

vegetation cover increases slowly with increasing elevation on Mount St. Helens (del Moral 

2007). These implied that the patches at the summit experienced more stress and grew more 

slowly. 

The elevation difference was approximately 340 m between the two sites. Because the 

elevation differed greatly between the summit and Konpira, the elevation and its related 

factors should be more severe at the summit. Small elevation differences were related to the 

vegetation development patterns at the summit of Mount Usu (Tsuyuzaki, 2019), and high 

elevation slowed down succession on Mount Ontake, central Japan, because of the short 

growing season and low species diversity (Nakashizuka et al. 1993). Other factors, such as 

soil properties, species compositions and stochastic events also affect patch dynamics as well 

(del Moral et al. 2010; Wilmshurst and McGlone 1996; Zobel and Antos 2017). However, soil 

properties did not differ greatly between the two sites, and the species composition was 

comparable (Otaki et al. 2016; Tsuyuzaki 2019). Therefore, the stresses caused by the 

elevation and its related environmental factors seemed to determine slow patch dynamics at 

the summit. 

The vegetation density of patches was reduced on steep slopes at the summit. 

However, steep slopes sometimes provide suitable environments for revegetation on Mount St. 

Helens in USA and Mt. Pinatubo in Philippines, because the ground surfaces at steep slopes 

become stable soon after the eruptions due to soil erosion (De Rose et al. 2011; del Moral, 
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Titus, and Cook 1995). In comparison, the ground surface instability persists for many years 

on Mount Usu due to the properties of the volcanic ejecta (Tsuyuzaki 2009). At Konpira, the 

slope degree did not affect the vegetation density of the patches, and all patches became 

densely vegetated as time passed. The responses of plants to slope degrees, which were 

different between the two sites, suggested that the slope degree hid the prime factors, such as 

ground surface stability. 

1.4.3 Vegetation patch growth 

The touching patches grew faster than the isolated patches, especially at Konpira. The fast 

growth of touching patches in the early stages is explained partly by vegetative reproduction, 

because the common species were derived from vegetative reproduction soon after the 

eruptions at the two sites on Mount Usu (Obase et al. 2008; Tsuyuzaki 1989a). Likewise on 

Mount St. Helens, vegetative reproduction quickly increases the cover when tephra is thin or 

removed (del Moral and Eckert 2005; Wilmshurst and McGlone 1996). 

Between the two periods, the touching patches growth decreased faster than the 

isolated patches at the summit. Vegetation recovery rate decreases with the number of years 

increasing after eruptions, e.g., on Mount St. Helens (del Moral and Magnússon 2014), due 

often to an increase in inter- and intra-specific competition within patches (Endo et al. 2008). 

However, the vegetation patches act as seed traps and facilitate the seedling establishment 

(Tirado et al. 2005). Therefore, patches act as facilitators, even though competition is present 

(Cipriotti and Aguiar 2015). The denser vegetation of touching patches suggested that the 

facilitation promoted increased density of plants instead of increased growth (Berdugo et al. 

2019). 

The patch dynamics at Konpira resulted in faster revegetation, by developing touching 

patches with low mortality. The isolation of vegetation patches delays succession on Mount St. 

Helens and Iceland’s Surtsey (del Moral and Magnússon 2014), and the proximity of plant 

sources and patch connectivity had positive effects on the patch growth and vegetation density 

at Konpira. As patches at Konpira persisted more, the number of years that passed following 

the eruptions was less influential on patch development. 

1.5 Conclusion 

The imagery chronosequence presented here clarified the vegetation patch dynamics. These 

findings have never been obtained on a large scale by remotely sensed data. The revegetation 
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was slower at the summit, likely due to the large distance to seed sources that induced slow 

patch growth and low patch survival. The touching patches developed denser vegetation than 

the isolated patches at the two sites, and the vegetation density of the patches positively 

correlated with the patch growth. Steep slopes showed more sparsely-vegetated patches at the 

summit, and showed less effect on the patches at Konpira. The imagery chronosequence can 

also detect stochastic events, which affect long-term vegetation patch dynamics at landscape 

level (del Moral et al. 2010; Wilmshurst and McGlone 1996; Zobel and Antos 2017). In 

conclusion, the imagery chronosequence is applicable to clarify revegetation investigated by 

vegetation patch dynamics, and further improvements can develop its potential.
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Tables and Figures 

 

Table 1.1 Characteristics of the two eruption sites. The ranges of elevation and slope degree 

are shown with means in parentheses. Artificial areas were excluded from the study area for 

given year. 

Study site Summit Konpira 

Eruption year 1977–78 2000 

Study area (ha) 291.43 37.91 

Altitude (m) 400-732 (528) 111-271 (188) 

Slope (°) 0-85 (25) 0-88 (26) 

   

Artificial areas 

(ha) 

2000 47.56 7.19 

2006 48.07 7.19 

2014 48.01 7.30 

 

 

Table 1.2 Mean and standard deviation of the NGRDI (2000) and NDVI values of the training 

samples used for supervised classification. 

 

Study area\Year 2000 (Aerial) 2006 (QuickBird) 2014 (IKONOS) 

No vegetation 0.00 (0.02) 0.13 (0.09) 0.15 (0.08) 

Sparse vegetation 0.02 (0.04) 0.44 (0.08) 0.43 (0.07) 

Dense vegetation 0.09 (0.06) 0.67 (0.06) 0.61 (0.04) 

 

 

 

Figure 1.1 Patch classification based on persistency of the patches. Empty circles show 

patches present in the given year, while filled circles show the location of patches from the 

previous observation year (not present anymore). The respective patches are marked 

alphabetically with the subscript showing the year in which the patch is observed. Period 1 

and 2 refers to 2000–2006 and to 2006–2014, respectively. As an example, patch B6 is 

identified as touching patch during the first period, developing from the patch group A0 and 
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B0. However, in the second period B6 is identified as an isolated patch. Although patch history 

is unknown within a period, e.g., patch B0 might disappear and only patch A0 develops into 

patch B6, the biotic legacy of patch B0 is likely to influence patch B6 and therefore should be 

included in the patch group and defined as touching patch. 

 

Table 1.3 Pearson’s correlation coefficients between the NDVI values and NGRDI values of 

satellite images. P < 0.001 in all cases. 

Study area\Year 2006 (QuickBird) 2014 (IKONOS) 

Summit 0.85 0.97 

Konpira 0.39
a
 0.72

b
 

a
The low value is due to construction work in 2006. Human artefacts and open water surfaces 

are evaluated differently by the indices. After the exclusion of open water surfaces, the 

coefficient becomes 0.60. 
b
The low value is due to open water surfaces. After the exclusion of open water surfaces, the 

coefficient becomes 0.90. 
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Figure 1.2 Scatterplots between NDVI and NGRDI values of the satellite images at the 

summit (a: 2006, b: 2014) and at Konpira (c,e: 2006, d,f: 2014) with Pearson’s correlation 

coefficients. Water surfaces are excluded from Konpira at (e) and (f). P < 0.001 in all cases. 
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Table 1.4 The accuracy of vegetation cover classification examined by Kappa coefficients. 

Confusion matrices show the relationships between the results obtained by index-based 

classification and visual validation. In every image acquisition year 300 randomly-selected 

points (100 points for Konpira and 200 for the summit) are used. NGRDI and NDVI are 

abbreviations of Normalized Green-Red Difference Index and Normalized Difference 

Vegetation Index. 

2000 (Aerial) Index based (NGRDI) 

Visual validation No vegetation Sparse vegetation Dense vegetation 

No vegetation 228 2 0 

Sparse vegetation 0 22 2 

Dense vegetation 0 2 44 

Kappa = 0.95 

 

 

2006 (Quickbird) Index based (NDVI) 

Visual validation No vegetation Sparse vegetation Dense vegetation 

No vegetation 160 1 0 

Sparse vegetation 0 72 0 

Dense vegetation 0 2 65 

Kappa = 0.98 

 

 

2014 (IKONOS) Index based (NDVI) 

Visual validation No vegetation Sparse vegetation Dense vegetation 

No vegetation 114 0 0 

Sparse vegetation 0 84 0 

Dense vegetation 0 2 100 

Kappa = 0.99 
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Table 1.5 Patch characteristics compared between the patch types and eruption sites. The growing and shrinking patches appear and disappear 

during the periods in the case of isolated patches, while touching patches are present all along the periods, only their size change. The 

examined characteristics are: patch number, patch size, slope degree of patches, elevation and sparse cover percentage. Patch number is shown 

for all patch type, and mean of isolated or touching patches is shown with standard error in parentheses. Mean values are compared by 

Wilcoxon rank sum test. Different letters on the upper-right of mean values indicate significant differences (P < 0.001 unless marked by *, 

where P < 0.05). 

 

   

Summit 

 

Konpira 

Location 

 

Isolated Touching 

 

Isolated Touching 

Development 

 

Growing Shrinking Growing Shrinking 

 

Growing Shrinking Growing Shrinking 

Patch 

number 

Period 1 (2000–2006) 

 

303 169 75 19 

 

79 3 8 1 

Period 2 (2006–2014) 

 

144 152 51 45 

 

17 3 11 1 

Slope (°) 

 

25.5
a
 (0.4) 26.5

a
 (0.8) 

 

22.9
a
 (1.2) 22.1

a
 (2.4) 

Elevation (m)  542.4
b
 (3.1) 569.5

a
 (5.9)  187.9

c
 (3.9) 197.6

c
 (12.1) 

Patch size (m
2
) 

 

57.5
c
 (1.3) 12,855.5

a
 (6,497.9) 

 

337.6
b
* (148.0) 12,258.2

a
 (8,179.7) 

Patch sparse cover (%) 

 

99.7
a
 (0.1) 92.1

b
 (1.6) 

 

91.1
b
 (2.3) 41.9

c
 (4.9) 
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Figure 1.3 Vegetation patch establishment at the summit (a-d) and Konpira (e-h). The inset 

map shows the location of the summit (large area) and Konpira (small area) to each other. 

Alphabetical letters (a, b) and (e, f) mark 2000 and 2006, and show patch growth in the first 

period. Letters (c, d) and (g, h) mark 2006 and 2014 (from right to left), and show patch 

growth during the second period. Orange colour shows isolated patches and blue colour 

shows touching patches. The hatched areas are artificially influenced and excluded from the 
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analysis, while white colour marks bare ground. Note that the scales are different between the 

summit and Konpira. 

 

Figure 1.4 Effects of slope degree on vegetation density at the summit (a) and Konpira (b). 

Touching patches are marked by cross (+), while isolated patches are marked by (∆). The 

response curves are generated by binomial GLM, with blue corresponding to touching and 

orange to isolated patches. 

 

Table 1.6 Factors influencing the annual growth of vegetation patches. Only the significant 

effects are shown in the table (GLM, Gamma distribution with log link, ***: P < 0.001, **: P 

< 0.01). 

Summit Estimate Std. Error t value 

 (Intercept) -0.38 0.04 -10.24 *** 

Second period -0.25 0.06 -4.19 *** 

Patch type – Touching 0.39 0.09 4.17 *** 

Interaction -1.08 0.14 -7.96 *** 

Null deviance: 472.55 on 949 degrees of freedom 

Residual deviance: 385.61 on 946 degrees of freedom 

 
    Konpira Estimate Std. Error t value 

 (Intercept) 1.69 0.45 3.76 *** 

Patch type – Touching 1.14 0.41 2.77 ** 

Sparse % -0.02 0.00 -3.90 *** 

Null deviance: 107.804 on 102 degrees of freedom 

Residual deviance: 63.55 on 100  degrees of freedom 
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Figure 1.5 Annual growth (and shrinkage) of vegetation patches in relation to patch types and 

observation period at the summit (a) and at Konpira (b). Empty boxes mark the first period 

(2000–2006) and grey boxes mark the second period (2006–2014). The boxplots follow 

standard notation and the filled squares mark the means. 
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Chapter 2 Using remote sensing to detect forest diversities – 

comparing different image resolutions and spectral plot extents 

 Abstract 

Detecting field diversities via remote sensing is becoming important to monitor vegetation 

dynamics at large scale. The characteristics of the remotely sensed image, depending on the 

study organism and habitat, affect the efficiency of measuring α-and β-diversities. Therefore, 

we examined the impact of image resolutions and spectral plot extents on the accuracy of 

estimating forest α-diversities and compositional variances on the active volcano Mount Usu, 

northern Japan. Low (3.2 m) and high (0.8 m) resolution IKONOS multispectral images were 

used to create spectral indicators from pixels covering the field plots (narrow extent) and from 

pixels including neighbouring area (wide extent). Six forest field diversity indices were 

obtained for canopy and for canopy-herb layer (total diversity): species richness (S), Shannon 

(H’), evenness (J’), Gini-Simpson (D), and true diversity of order 1 (N1 = expH’) and order 2 

(N2 = 1/D). Changes in species composition were assessed by dissimilarity matrices. The 

spectral diversity indicators were calculated from the combination of image resolutions and 

spectral plot extents, and then compared with field diversities. The low resolution–narrow 

extent based spectral indicators showed the highest correlations with canopy and total 

diversities. The best spectral indicators were derived from the scores of the first axis of 

principal component analysis and from the near infrared band, reaching high correlations with 

both canopy and total field diversity indices. Of the six field diversities, J’ showed the highest 

correlations with single spectral indicators and N1, 2 showed the highest correlations with pairs 

of spectral indicators. The correlations between spectral and field dissimilarities were lower 

than the correlations between α-diversities and spectral indicators, and were unaffected by the 

resolution and extent. In conclusion, the best spectral indicators were obtained from the low 

resolution–narrow extent combination, and the indicators estimated canopy and total field 

diversity indices of temperate forests equally.
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2.1 Introduction 

Monitoring diversity by field surveys (field diversity) is important to conserve vegetation and 

to identify biodiversity hotspots. α-diversity (community or plot diversity) is typically 

measured by establishing plots, but field surveys are time-consuming and often limited to a 

small number of samples. If plot diversity and compositional variations were estimated prior 

to the field surveys, monitoring could be better focused on the area of interest. Remote 

sensing shows potential to assess field diversities on large scales after validation, and is 

increasingly studied to complement field surveys. 

Remotely sensed images have been applied for mapping habitats and species via 

evaluating spectral diversity measures (Wang and Gamon 2019): high resolution image 

analysis can accurately recognize species (Clark, Roberts, and Clark 2005; Underwood, Ustin, 

and DiPietro 2003) or estimate functional diversity (Huemmrich et al. 2013; Zomer, Trabucco, 

and Ustin 2009). Diversity is estimated by measuring the spectral heterogeneity of pixels; 

greater heterogeneity assumes greater heterogeneity within an area (Palmer et al., 2002). This 

is called the spectral variation hypothesis (SVH), which predicts that heterogeneous surfaces 

lead to increased richness, so increased spectral heterogeneity reflects increased diversity. 

Most spectral diversity indicators are derived from single bands (Hall et al. 2012), 

vegetation indices (Gould 2000; Levin et al. 2007), or integrating multiple bands by principal 

component analysis (PCA, Stickler and Southworth 2008). Common indicators are expressed 

by the mean, standard deviation (SD), or the coefficient of variation (CV) of the pixel values 

overlaying the field plots (Wang, Gamon, Cavender-Bares, et al. 2018). The accuracy of 

remotely sensed diversities varies due to the large range of landscapes and plant life forms. To 

increase the accuracy of diversity predictions, a present challenge is to identify the source 

image requirements (Paganini et al. 2016) and a common set of habitat specific spectral 

diversity indicators (Skidmore et al. 2015). Therefore, the efficiency of spectral diversities 

should be tested on a wide range of environments using different source images to identify 

suitable community-specific indicators. Spectral indicators follow not only α-diversities, but 

also species compositional variations among plots (Feilhauer et al. 2013; Laliberté, Schweiger, 

and Legendre 2020). The methods used to detect changes in species composition range from 

ordination approaches by dissimilarity matrices (Cayuela et al. 2006) to applying Rao’s Q 

(Botta-Dukát 2005; Rocchini et al. 2018). 
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Image characteristics vary with the sensor, and images need to be selected to suit the 

species being studied. If the resolution of the image is too fine compared to the species, the 

spectral diversities will be sensitive to within-target variance and overestimate spatial 

heterogeneity, while coarse resolution images will be insensitive to among-target variance and 

will underestimate heterogeneity (Rocchini et al. 2010; Woodcock and Strahler 1987). Several 

other factors influence the correlation between spectral and field diversities. Topographical 

factors, such as elevation, increase the correlation coefficients (Dogan and Dogan 2006; 

Feilhauer and Schmidtlein 2009), especially when the study species is small (Camathias et al. 

2013). The spectral plot area covered by the pixels (hereafter, extent, Figure 2.1), from which 

the diversities are calculated also affects the relationship between field and spectral 

diversities; the inclusion of pixels surrounding the plot increases the accuracy of field 

diversity estimation (Parviainen, Luoto, and Heikkinen 2009). However, few studies 

examined the effects of including neighbouring pixels on spectral indicators, so their impact 

on evaluating field indices is unclear. Estimating total forest diversity (herb layer 

incorporated) has been also rarely examined, even though total diversity may be estimated 

with equal or higher accuracy than canopy diversity (Hakkenberg et al. 2018). 

To confirm the effects of image resolution and different spectral plot extents on 

estimating field diversities, and to examine whether incorporating herb layer diversity in 

forest diversity increases the accuracy of the estimation, I created four different set of spectral 

diversity indicators from an IKONOS image covering temperate forests on Mount Usu, Japan. 

Because the estimation accuracy also depends on the field diversity indices used to survey 

plots (Schmidtlein and Fassnacht 2017), I calculated six field indices for canopy layer only 

and for total diversity. My aim was to clarify the effects of resolution and spectral plot extent 

on the spectral diversities when estimating canopy and total diversities measured in the field. 

2.2 Methods 

2.2.1 Image processing and plot selection 

The study site, Mount Usu (42°32’N, 140°50’E), is an active volcano in the temperate region 

of northern Japan. Mount Usu erupted in every 20-30 years at different locations in the past 

century. Because the eruptions occurred at different locations, there are various forest types 

and transplantations differing in age on the mountain. As a result, the area is suitable to 

examine the performance of spectral diversity indicators in diverse forest types. 
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The IKONOS satellite image was taken on 1 August 2014 (wavelengths of bands: 

Blue 0.45–0.53 µm, Green 0.52–0.61 µm, Red 0.64–0.72 µm, Near-infrared (NIR) 0.76–0.86 

µm, off-nadir: 19.27°), and was orthorectified using the Digital Elevation Model provided by 

the Geospatial Information Authority of Japan (accuracy within 0.7 m, resolution 6.2 m). 

After the orthorectification, the image was aligned to reference coordinates measured by 

portable GPS (Garmin GPSMAP 60CSx, accuracy ± 3 m) using second order polynomial 

transformation. The digital numbers were converted to surface reflectance by the dark-object 

subtraction method (Chavez 1988) and IKONOS correction factors (Taylor 2009), and pan-

sharpening was done using the Brovey method (Gillespie, Kahle, and Walker 1986). All 

image processing was done by ArcGIS (ver. 10.2, ESRI). 

A total of 35 plots measuring 10 m × 10 m were selected using stratified random 

sampling in the areas destroyed by the 1910 and 1977-78 eruptions (Figure 2.2). Of the 35 

plots, 20 plots were established in young forests (less than 40 years old, 5 plots in closed- and 

5 plots in open-canopy broadleaved forests, 5 plots in a Picea spp. plantation and 5 plots in a 

semi-artificial broadleaved forest) and 15 plots were established in mature forests (5 plots in 

an around 100 years old broadleaved forest, 5 plots in 70 years old and 5 plots in a 50 years 

old Abies spp. plantation, Figure 3.1). The mature forest plots were located at approximately 

300 meters lower elevation than the young forest plots. The plots were established and located 

with GPS. 

2.2.2 Field survey and diversity indices 

The field surveys in the 35 plots were conducted between 2015 and 2019, one to five years 

later than the satellite image was taken. Similar gaps between image acquisition and field 

survey did not cause problems in other studies (Levin et al. 2007; Warren et al. 2014), and 

field observations confirmed that the plots did not receive severe damages during this period. 

Canopy diversity was calculated from the number of stems on each tree species with a DBH 

above 3 cm (range: 3-67 cm) in 2016. In 15 plots, the survey covered 5 m × 5 m plots in 2016, 

and the plots were extended to 10 m × 10 m in 2019. In five of these plots, all of which were 

transplantations, trees fell due to a typhoon in the late summer of 2016. The fallen trees were 

left in the forest and were identified; therefore, the forest structure of the plots could be 

reconstructed to 2014 canopy conditions. Herb layer (understorey) diversity was measured in 

four 1 m × 1 m quadrats within the plots during 2016 (before the typhoon) by counting the 

number of aboveground shoots rooted inside the quadrats on each species shorter than 2 m in 
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height. 

Species richness (S), Shannon’s entropy (H’), Gini-Simpson concentration (D), 

Shannon’s evenness (J’), true diversity of order 1 (N1) and true diversity of order 2 (N2) were 

calculated for each plot by vegan (Oksanen et al. 2019) and simba (Jurasinski and Retzer 

2012) packages in R. The equations are:  

S = number of species in a given plot, (1) 

H’ =  ∑       
 
   , (2) 

J’ = H’/logS (3) 

D =   ∑   
  

   , (4) 

N1 = expH’, (5) 

N2 = 1/D, (6) 

, where pi is the relative dominance of ith species in a given plot. These indices were 

chosen to include popular indices like species richness (Carlson et al. 2007; Rocchini, Ricotta, 

and Chiarucci 2007; Viedma et al. 2012), and the Shannon entropy (Oldeland et al. 2010; 

Wang, Gamon, Cavender-Bares, et al. 2018), and the relatively untested true diversities, 

which are argued to be better suited to describe diversity and compare studies (Jost 2006; 

Tuomisto 2010). Two sets of field diversities were calculated: canopy diversity and total 

diversity, the latter being the average of canopy and herb layer diversity. Variation in species 

composition between plots was evaluated by Bray-Curtis dissimilarity matrices by 

presence/absence (i.e., Sørensen index) and by abundance of species (Oksanen et al. 2019). 

2.2.3 Spectral diversity indicators 

To test the effects of resolution on the spectral diversity indicators, the indicators were 

calculated from low (3.2 m) and high resolution (0.8 m) images. The impact of neighbouring 

pixels on spectral diversities was examined by using two spectral plot extents (Figure 2.1); the 

narrow extent covered pixels corresponding to the field plots (10 m × 10 m square), while the 

wide extent included additional neighbouring pixels (10 m radius circle centred in the plot). 

For the low resolution, the number of pixels per plot ranged between 9–12 (narrow extent) 

and 28–32 (wide extent), and for the high resolution ranged between 144–169 (narrow extent) 

and 472–480 (wide extent). Within the high resolution spectral plots, in average 5% of the 

pixels were in shadow for narrow extent (range 1–15%) and 3% for wide extent (range 0–

12%). Excluding shaded pixels did not change the correlations between single spectral 

indicators and field indices (Kruskal-test, P = 0.21), although the regressions were slightly 
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increased when two spectral indicators were used as explanatory variables (Kruskal-test, P = 

0.02). However, the best regression pairs remained the same; therefore, we retained the 

shaded pixels in the high resolution spectral plots to cover the same areas as the low 

resolution spectral plots. 

The reflectance values of the four bands, Blue, Green, Red, and NIR, and the 

Normalized difference vegetation index (NDVI, calculated as (NIR – Red) / (NIR+ Red); 

Rouse et al., 1974) were recorded for every pixel at each resolution and extent combination 

and were imported to R software (R Core Team 2018). Using the four bands as a matrix, PCA 

was carried out (Rocchini et al. 2007): the first principal component (PC1) explained more 

than 99% of the variation in the bands and was included for calculating spectral diversities. 

The first set of spectral diversities was calculated by taking the mean, range 

(difference between minimum and maximum values), SD, and CV of each band, NDVI, and 

PC1 by plot for the four combinations of resolutions and extents. In addition, the mean 

Euclidean distance (Distance) from the plot centre was calculated using the bands as 

coordinate system axis (Rocchini et al. 2007; Schmidtlein and Fassnacht 2017). 

The second set of spectral diversities was calculated by counting the unique 

reflectance values as species and calculating the same diversity indices as from field 

observations: if three and six pixels out of nine had the same values, then the richness 

(marked by bold S to distinguish from field diversity S) of the spectral plot was regarded as 

two. NDVI and PC1 values were sorted into 40 equal sized bins and the bins were handled 

afterwards as unique values. In total, 63 spectral indicators were calculated for each resolution 

and extent combinations (Table 2.1). Pairwise differences of the 63 spectral diversities were 

examined by the Euclidean distance matrices. 

2.2.4 Comparison of the field diversity indices and spectral diversity indicators 

Pearson’s correlation coefficient (r) and linear regression models (LM) were used to 

investigate the relationship between the field indices and spectral indicators. From the six 

field diversity indices and 63 spectral indicators all together 3024 correlations were calculated 

for α-diversity (6 × 63 × 4 × 2, for all combinations of field and spectral diversities, 

resolutions, extents, and field layers) and 504 dissimilarity matrices of species composition 

(63 × 4× 2). Correlations with a P-value of less than 0.05 were treated as strong correlations. 

Significant differences in the number of strong correlations between low and high resolutions 

and between narrow and wide extents were examined by 2
-test. The effects of resolution, 
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extent, and elevation on the correlation coefficients were examined by non-parametric 

Kruskal-Wallis test and pairwise Wilcoxon test. 

We applied stepwise multiple regression analysis to test the predictability of field 

diversities by one to five spectral indicators as explanatory variables using the R package 

leaps (Miller 2020). LM was used to examine more in detail the accuracy when the number of 

explanatory variables was limited to two spectral indicators, testing all combination of pairs. 

We retained those models, where all coefficients were significant at P < 0.05, to identify 

spectral indicator pairs estimating field indices with high accuracy. The effects of elevation on 

field indices and spectral indicators were examined with LM, using elevation alone and paired 

with spectral diversities as explanatory variable. In addition, spatial auto-correlation of field 

and spectral diversities was tested by Moran’s I (Moran 1950). 

The significance of correlations between the dissimilarity matrices of field diversity 

indices and spectral diversity indicators were determined by Mantel-test with ten thousand 

permutations (Legendre and Legendre 2012; Mantel 1967). The dissimilarity of the seven 

forest types and separately the age of forests on species composition and spectral dissimilarity 

were measured with ANOSIM and the P-value was calculated by ten thousand permutations 

(Clarke 1993). 

2.3 Results 

2.3.1 The effects of resolution and extent on correlations 

The number of strong correlations, where P was less than 0.05, was low and changed with 

resolution and spectral plot extent (Table 2.2). The spectral indicators derived from low 

resolution had a higher number of strong correlations, both with canopy and total diversities, 

than those derived from high resolution (2
-test, P < 0.001). The number of strong 

correlations increased when narrow extent was used (P < 0.001 against canopy and P = 0.02 

against total indices). Canopy diversities had a higher number of strong correlations than total 

diversities (P < 0.001), but their range was the same, i.e., r ranging 0.34 – 0.50 with canopy 

and 0.33 – 0.50 with total indices (in absolute values, Kruskal-Wallis test, P = 0.87). The 

highest correlations were obtained from the low resolution–narrow extent spectral indicators 

(Table 2.2), both in the case of canopy (r = 0.50, J’ – PC1-D) and total diversities (r = 0.50, J’ 

– PC1-H’). The other resolution–extent combinations had significantly lower correlations 

with canopy diversities (Figure 2.3a, P ≤ 0.03), while with total diversities only the high 
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resolution–wide extent based spectral indicators had significantly higher correlations (P = 

0.04). 

2.3.2 The impacts of field indices and spectral indicators 

From the field diversity indices, the canopy N1 and N2 yielded the highest number of strong 

correlations with spectral indicators (18 and 16 cases), while from the total indices, D had the 

highest number of strong correlations (15 cases). However, the number of correlations did not 

indicate strong relationship; field J’ produced the highest r (Figure 2.3b), significantly 

outperforming other field indices (canopy: Wilcoxon test, p < 0.001, total: Kruskal-Wallis 

test, P < 0.01). Most field indices showed high correlation with multiple spectral indicators, 

but total N1, 2 and H’ correlated only with high resolution–wide extent Blue-J’. 

Across all resolutions and extents, 20 and 15 spectral indicators were correlated 

significantly with canopy and total diversity indices. Most spectral indicators displayed strong 

correlations at low resolution–narrow extent combination (Figure 2.4), and were mostly 

calculated from NIR, NDVI, and PC1 scores. PC1-based spectral indicators had high 

correlations with both canopy and total field diversities, while NIR and NDVI based 

indicators were correlated stronger with canopy indices. From the PC1 indicators, SD and 

range were best with canopy indices, while PC1 indicators calculated as S, D, H’, N1, 2 were 

correlated stronger with total J’ and D. The highest correlations for each combination were 

positive among the field and spectral diversities, apart from the spectral indicators PC1-CV 

and Blue-J’, which displayed negative correlations (Figure 2.5). 

2.3.3 Linear relationships between field indices and spectral indicators 

The best predictor variables identified by stepwise regression analysis changed with 

resolution, extent and the maximum number of predictors, although spectral indicators based 

on the Blue band and NDVI were kept often in the final regression models. To keep the 

number of variables low, I concentrated on models with two explanatory variables (pairs of 

spectral indicators). 

The resolution and extent did not affect the number of significant regressions when estimating 

total diversity indices (2
-test, P = 0.96 and P = 0.28), but regression models using low 

resolution–narrow extent based spectral indicator pairs fitted better than models using low–

wide and high–narrow based spectral indicators (Wilcoxon test, P < 0.01, Figure 2.6a). When 

predicting canopy diversities, low resolution (2
-test, P < 0.001) and wide extent (P < 0.001) 
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spectral indicator pairs had higher number of significant regressions. The low resolution–wide 

extent combination also increased the explained variance when canopy diversity indices were 

estimated by spectral diversity pairs (Wilcoxon test, P < 0.01). Canopy N1 (P < 0.05) and total 

D (P < 0.01) displayed larger average r than the other field indices (Figure 2.6b), while total 

H’ had generally lower r than other field indices (P < 0.01). The explained variance was 

highest when spectral indicator pairs were derived from low resolution and narrow extent 

(Figure 2.7). Namely, the pair of Blue-SD and Blue-range predicted canopy N1 (LM, r = 0.64, 

P < 0.001) and the pair of Red-D and PC1-D predicted total J’ (r = 0.61, P = 0.02). 

Significant regressions against canopy indices were fewer (2
-test, P < 0.001), but stronger 

than regressions against total indices (Kruskal-Wallis test, P < 0.001). 

2.3.4 Effects of elevation and spatial autocorrelation 

Field indices S, H’, and N1,2 correlated negatively with the elevation when all 35 plots were 

analysed together (r = - 0.37 to - 0.52, P < 0.05). However, when the higher elevation young 

forest and lower elevation mature forest plots were analysed separately, the elevation of plots 

did not affect the field diversities. Pairing elevation with spectral diversity indicators as 

explanatory variable in regression models improved the fit of the models in the case of two 

and thirteen spectral indicators when regressing against canopy and total diversities, 

respectively. The highest r was reached when estimating canopy N1 and elevation was paired 

with NDVI-mean (r = 0.65), and when estimating total H’ with elevation paired with Blue-J’ 

(r = 0.64). 

The canopy and total diversity indices displayed different spatial-autocorrelation 

patterns. Of the canopy diversities, only J’ showed spatial-autocorrelation (I = 0.12, P = 0.02), 

while all total indices were spatially auto-correlated except for D. The spectral indicators 

showing the highest correlations with canopy diversities did not show autocorrelation when 

calculated from high resolution but did show when calculated from low resolution–narrow 

extent (P = 0.01). As for the best spectral indicators correlating with total diversities, only the 

Blue-J’ calculated from high–wide combination showed spatial autocorrelation (P < 0.001). 

In general, spectral indicators calculated via SD, mean, CV, and range showed 

autocorrelation. 
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2.3.5 Changes in species composition 

The Bray-Curtis matrices by species abundance correlated better with the spectral matrices 

than the matrices by presence/absence, so the analyses by abundance matrices were described 

here. The dissimilarity matrices of species composition and spectral diversity indicators did 

not show as high correlations as α-diversity indices did with spectral indicators. The 

dissimilarity matrix of canopy species composition had more strong correlations with the 

spectral indicators than the total species matrix (2
-test, P < 0.001) and showed the highest 

correlation coefficient with PC1-mean from low resolution–wide extent image (Mantel’s r = 

0.36). Correlations with the total matrix were higher compared to the canopy matrix (Kruskal-

Wallis test, P < 0.004), but the highest correlation—reached with low–narrow Red-J’, r = 

0.32—was below that of the canopy. The canopy matrix had more significant correlations 

with high resolution spectral matrices (2
-test, P = 0.01), while the total matrix had more 

correlations with low resolution matrices (P = 0.03). Neither the combinations of resolutions 

and extents, nor the selection of spectral indicators when calculating the dissimilarity matrices 

affected the strength of the correlations however. 

In spite of the relatively low correlations between field and spectral matrices, the 

spectral indicators distinguished between the forest types (ANOSIM, canopy composition: r = 

0.55, total composition: r = 0.36) and between old and young forests in the case of canopy 

composition (r = 0.52, Figure 2.8, Table 2.3). While the strength of correlation was lower 

compared to the field dissimilarity matrices when estimating the age of forests, the strength of 

correlation was similar when distinguishing forest types. 

2.4 Discussion 

2.4.1 The effects of resolution and extent 

The resolution and inclusion of neighbouring pixels affected the correlations and regressions 

between spectral and field diversities. The effects depended on the choice of field indices and 

whether canopy or total diversities were evaluated. 

The low and high resolution images used in this study had relatively fine resolution. 

Other studies report high correlations with species richness using either Quickbird (resolution 

same as the low resolution used here) or Landsat images (30m resolution) in wetlands 

(Rocchini 2007) and mountain forests (Levin et al. 2007). However, examples exist where 

similar fine resolution images (resolution same as the high resolution used here) are found to 
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have too fine spatial resolution to observe canopy richness (Nagendra et al. 2010). This study 

demonstrated that low resolution spectral indicators showed higher Pearson’s correlation 

coefficients with field diversity indices. This suggests that the high resolution diversities 

reflected within study object heterogeneity which decreased their accuracy (Wang and Gamon 

2019; Woodcock and Strahler 1987). 

Increasing the pixel number per plot, i.e., wide extent, did not improve the correlations 

if single spectral indicators were used, and had inconsistent effect when pairs of spectral 

indicators were used. This contrasts the observations that larger plot size increases the 

correlation with spectral diversities (Rocchini et al. 2010) and that productivity in the 

surrounding landscape improves the evaluation of species richness in boreal ecosystem 

(Parviainen et al. 2009). This discrepancy may be the result of two factors: first, the forests on 

Mount Usu are middle-latitude forests with more favourable environmental conditions, and 

second, species diversity correlates better with spectral diversities than species richness 

(Underwood et al. 2003; Wang, Gamon, Schweiger, et al. 2018), masking any improvements 

from wide extent spectral plots. 

However, the wide extent had an advantage to calculate unique value based spectral 

indicators, as the low resolution–narrow extent based spectral plots often had too few pixels 

and displayed perfect evenness (all values were unique). Although calculating spectral 

indicators from as few as nine pixels is not rare (Madonsela et al. 2017; Torresani et al. 2019; 

Woodcock and Strahler 1987), in those cases the indicators are based on measuring variance 

via traditional methods (e.g., mean, SD, or CV). Spectral indicators that strongly correlated 

with field indices, i.e., PC1, NDVI, and NIR, did not suffer from the problem of low pixel 

number, so the neighbouring pixels had no positive impact on them. The present study 

measured field diversities from one plot shape, but plot shape influences field measurements 

of diversities (Korb, Covington, and Fulé 2003; Marignani, Del Vico, and Maccherini 2007). 

Experimenting with multiple plot shapes and corresponding spectral extents when calculating 

indicators may find that plot shapes influence the performance of spectral indicators. 

2.4.2 The effects of field indices and including herb layer diversity 

Spectral indicators showed the highest correlations with J’ when single spectral indicator was 

used, and with N1 and N2 when pairs of spectral indicators were used. Although the spectral 

diversities were correlated differently with canopy and with total diversities (when herb layer 

diversity was included), high correlations were observed with both canopy and total field 
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indices. Recent studies on the correlation of field and spectral indices are often using H’ or D 

(Oldeland et al. 2010; Wang, Gamon, Schweiger, et al. 2018), as these indices incorporate 

information about the abundance of species and were shown to correlate stronger with 

spectral diversities than S, which only measures presence-absence (Underwood et al. 2003). 

This study observed low correlations between spectral indicators and S, but found that J’ and 

N1, 2 showed higher correlations with spectral indicators than H’ and D, especially when 

estimating canopy diversities. Abundance based dissimilarity matrices also displayed higher 

correlations than presence-absence based matrices when estimating compositional variations 

of species, supporting the importance of abundance sensitive diversity measures. 

The best spectral indicators correlating with field diversities were obtained from low 

resolution images, although high resolution–wide extent indicators estimated total diversities 

well. When the study organism is large, using low resolution images for calculating spectral 

diversities increases the accuracy (Stickler and Southworth 2008). Conversely, spectral 

indicators based on high resolution images can observe small size organism, such as ant 

colonies (Lassau et al. 2005). These suggest that high resolution images are better to estimate 

total forest diversity because small plants need to be detected as well. In this study, the total 

diversity was evaluated well both by low resolution–narrow extent and high resolution–wide 

extent based spectral indicators, so the total indices seemed not to show a clear preference for 

high resolution images. 

However, the size of study organism mattered when pairing spectral indicators with 

elevation; several indicators estimated total diversity better when paired with elevation, while 

elevation scarcely improved the estimation of canopy diversities. This corresponded to 

Camathias et al. (2013), who found that topographical factors improved estimations more 

when the size of study organism was small in temperate forests in Swiss. 

Combining spectral indicators estimates field diversities better than single spectral 

indicators in tropical dry forest (Gillespie 2005) and in central-African forest (Thenkabail et 

al. 2003). Improvements were also observed in this research when two spectral indicators 

were used to estimate field indices, especially when assessing N1, 2. True diversities are rarely 

used and they display low performance compared to H’ in Borneo tropical forests (Foody and 

Cutler 2003). The results suggested that N1, 2 was sensitive to habitat differences when 

combined with remotely sensed indicators, estimating diversities in temperate forests more 

than in tropical forests. 
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2.4.3 Band specificity of spectral indicators and spatial autocorrelation 

When correlating spectral indicators with canopy diversity indices, the best spectral indicators 

were derived from the PC1 and NIR. When correlating with total diversities, the best spectral 

indicators were derived from the PC1 and from mostly visible bands. Spectral indicators 

derived from NDVI displayed weak correlations, possibly because NDVI is correlated with 

the productivity of plant communities rather than with the landscape heterogeneity (Johansen 

and Tømmervik 2014). Productivity is more related to canopy diversity than to total diversity 

because the biomass of trees is larger than the biomass of understorey plants (Zhang, Chen, 

and Taylor 2016). This is consistent with the fact that NDVI-based indices estimated the 

canopy diversities better than the total diversities. The high performance of PC1-based 

indicators showed that integrating multiple bands created the most successful spectral 

indicator source. 

Plots close to each other often display spatial autocorrelation (Legendre 1993) and 

distance of plots positively correlates with species turnover in grassland habitat (Hall et al. 

2012). This study did not observe spatial autocorrelation in the canopy layer, but the inclusion 

of herb layer induced spatial autocorrelation. Understorey vegetation disperses slower than 

woody species (Cain, Damman, and Muir 1998), and clumping is also influenced by the 

density of saplings (Miller, Mladenoff, and Clayton 2002), which might explain why only 

total diversity displayed autocorrelation. The best spectral indicators were unaffected by 

spatial autocorrelation. 

A limitation of the study is the use of single source image to calculate spectral 

diversities, as combining multiple satellite images from different dates are shown to increase 

the accuracy of spectral indicators (Dudley et al. 2015; Räsänen and Virtanen 2019). 

However, the image acquisition date was in the summer season, when the status of local 

vegetation was optimal for remote observation (Schmidtlein and Fassnacht 2017). In addition, 

the study focused only on forest habitats, so estimating only herb layer diversity was not 

suitable, due to the canopy largely covering the understorey herb layer. 

2.5 Conclusion 

The spectral diversity indicators based on low resolution and narrow extent had higher 

correlations with the field indices. Spectral diversities based on PC1 and NIR had high 

correlations and using two spectral indicators estimated field diversities better. In particular, 
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the canopy diversities were evaluated by the spectral diversities using PC1 and NIR, while the 

total diversities were evaluated using the PC1 and visible bands. Among the field diversities, 

J’ and N1, 2 were estimated best. Although compositional changes in species were detected 

less than α-diversities, forest types were distinguished well. The present study confirmed that 

spectral indicators estimate canopy and total field diversities in various temperate forests. As 

canopy diversity is a good predictor of total forest diversity (Hakkenberg et al. 2018) and it is 

faster to survey, future studies should focus on it to evaluate forest diversities.
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Tables and Figures 

 

Figure 2.1 The four types of spectral plots used in the study, made by the combinations of low 

and high resolutions and narrow and wide extents. The field survey on forest canopy was 

carried out on a square plot (a, side = 10 m), corresponding to the low resolution–narrow 

extent spectral plot. The wide extent is marked by a circle (d, diameter = 20 m) with its centre 

in the middle of the plot established in the field. 

 

 

Figure 2.2 Locations of the 35 plots (10 m × 10 m) used for the study on Mount Usu, northern 

Japan. The white coloured plots cover mature forests, while the yellow plots are young forests, 

less than 110 and 40 years, respectively. 
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Table 2.1 Spectral diversity indicators used in the study. 

Spectral origin Calculation method 

  Statistical 

  Mean 

  Standard deviation (SD) 

Bands 

Blue Range 

Green Coefficient of variation (CV) 

Red Mean distance from centroid (Distance) 

NIR Unique value based 

Vegetation index NDVI 
S 

H’ 

PCA PC1 
D 

J’ 

  N1 

  N2 
   

 

 

Table 2.2 The number of strong correlations and name of the best indices by resolution–extent 

combination between field diversity indices and spectral diversity indicators. 

Number of strong correlations   

Resolution High Low Total 

Extent Wide Narrow Wide Narrow  

Canopy 4 5 11 59 79 

Total 3 1 5 21 30 

   

Pearson’s correlation coefficient   

Canopy 
0.36 - 0.36 0.36 0.50  

S – NIR-N2 N2 – PC1-CV S – PC1-D J’ – PC1-D 

Total 
- 0.44 0.34 0.40 0.50 

H’ – Blue-J’ D – Green-J’ D – PC1-H’ J’ – PC1-H’  
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Figure 2.3 Box-whisker plots of Pearson’s correlation coefficients (r) between spectral and 

field diversities depending on spectral resolution and extent (a) and on field indices used (b). 

Empty boxes indicate when spectral diversities are compared with canopy diversity and filled 

boxes when compared with total diversity. For abbreviations see text. 
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Figure 2.4 Pearson’s correlation coefficients between spectral and field diversities grouped by 

resolution and extent combinations. Black circles mark correlations with canopy diversities 

and red circles with total diversities. The size of the circles increases with increasing 

coefficients. 
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Figure 2.5 Linear regressions between the best spectral indicators and canopy (a-d) and total 

diversity indices (e-g), displaying Pearson’s correlation coefficients. The x axis shows the 

spectral indicators and the y axis shows the field diversities. Filled circles indicate young 

forest plots while empty circles indicate mature forest plots. All regressions are significant at 

P < 0.05. 
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Figure 2.6 Regression between pairs of spectral indicators and field indices from the four 

resolution–extent combinations (a) and with different field indices (b). Empty boxes represent 

regression against canopy diversities and filled boxes against total diversities. 

 

 

Figure 2.7 Best spectral indicator pairs to estimate field diversities (a) and the resolution–

extent combination they are calculated from (b). The field diversities estimated with the 

highest accuracy are marked by filled circles on the left plot. 
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Figure 2.8 Ordination of plots with non-metric multidimensional scaling. The canopy (a) and 

total (b) distances were calculated with Bray-Curtis dissimilarity matrices, while for the 

spectral indicators (c, d) Euclidean distances were used. The spectral matrices were calculated 

from the two indicators with the highest Mantel’s r: PC1-mean and NIR-mean were used to 

simulate canopy conditions (c) while NDVI-J’ and Red-D were used to simulate total 

conditions (d). Different colours indicate different forest types and different symbols indicate 

the age of the forests. 

 

Table 2.3 Distinctness of forest types and age based on the dissimilarity matrices. ANOSIM 

(permutation: 10 000) was used to calculate correlation and significance values. Details about 

calculating the dissimilarity matrices are described at Figure 2.8. P < 0.001 unless otherwise 

marked. 

r based on field survey Canopy Total 

Age 0.88 0.56 

Forest types 0.53 0.29 

   

r based on spectral diversities PC1-mean + NIR-mean NDVI-J’ + Red-D 

Age 0.55 0.36 

Forest types 0.52 0.07 (P = 0.07) 
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Chapter 3 Species diversity 40 and 110 years after the eruptions of 

Mount Usu – comparing the impacts of early successional 

processes 

 Abstract 

Volcanic successional trajectories are often divergent, because of stochastic processes and 

management activities. Evaluating the effect of management practices and stochastic events 

on plant composition and diversity has been difficult because of the lack of long-term studies. 

This study examined the species composition and diversity in several forest types at the 1910 

and 1977-78 eruption sites of Mount Usu, hereafter Yosomi and summit, to compare the 

impact of early successional events. Both naturally regenerated and planted forests were 

surveyed at the sites during 2015–2019 by observing five 10 m × 10 m plots in each forest 

type to measure tree diversity, and four 1 m × 1 m quadrats per plot to measure understorey 

(hereafter, herb layer) diversity by shoot density and cover. Species composition was 

analyzed by non-metric multidimensional scaling and three levels of diversity, canopy, herb 

layer, and total, were calculated as true diversity from order 0 (presence-absence) to 2 

(weighted species). The results showed that canopy composition was more influenced by 

early management practices than herb layer composition. The species composition was 

distinct between the forest types, indicating that early restoration practices had long-term 

effects on species composition. The naturally regenerated forests showed the highest diversity 

at both eruption sites, while the plantations displayed low canopy but high herb layer diversity. 

Herb layer diversity was higher at the summit, but canopy diversity was higher at Yosomi. 

The plantations changed their species composition slowly and failed to transform into more 

natural forests. In addition, the plantations were more sensitive to subsequent disturbances 

after the eruptions, indicating that the plantations affected long-term succession and their 

effect was stronger than stochastic events.
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3.1 Introduction 

Early studies of plant succession promoted linear development from early stage communities 

toward a climax community (Clements 1916), but as disturbances alter successional processes 

and change the distribution and density of plants (Gleason 1926; Whittaker 1960), the 

convergence and divergence of succession became controversial. Although pioneer species 

often colonize in a deterministic manner after disturbances (Efford, Clarkson, and Bylsma 

2014; Marler and del Moral 2013; Tsuyuzaki 2019), stochastic events modify successional 

patterns (Karadimou et al. 2018; del Moral et al. 1995). Therefore, the role of stochastic 

processes is increasingly recognized in community development (Lichter 2000; del Moral 

2009). 

A popular method to study primary succession is the space for time substitution, called 

successional chronosequence, where successional sere is constructed by observing plant 

communities at various locations arranged by the date of disturbance (Cutler et al. 2008; Irl et 

al. 2019; Sutomo et al. 2011). However, the applicability of chronosequences is restricted 

because different locations do not share the same history and conditions, so their successional 

trajectories diverge (Johnson and Miyanishi 2008). Even when site history is controlled, 

stochastic events alter the successional trajectories (White and Walker 1997). 

To evaluate the effects of stochastic events on primary succession and incorporate it 

into restoration practices, long-term monitoring is required (Prach and Walker 2011). 

Volcanic eruptions destroy vegetation, thus provide suitable sites for monitoring primary 

succession. However, only a few studies observe successional processes on a timescale over 

20 years after eruptions (e.g., Fridriksson 1982; Karadimou et al. 2018). Mount Usu erupted 

at distinct locations in 1910 at a foothill called Yosomi and in 1977-78 at the summit. These 

two sites were covered with forest prior to the eruptions which denuded them, and by now 

they regained their forest cover. Due to management practices and stochastic events, a mosaic 

of different forest types developed on the mountain. To observe long-term trends, I compared 

the successional trajectories 40 and 110 years after the eruptions on Mount Usu in this chapter. 

Naturally recovered forests often show higher species richness than plantations, but 

long-term trends are not observed well (Prach and Walker 2011). On Mount Usu, plantations 

have been conducted broadly, providing an opportunity to compare the outcomes of the 

management practices in terms of species diversity and community composition with those of 

naturally recovered forests. Diversity changes with time passed since disturbance and is 
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suggested to be highest at intermediate level of disturbances, known as the intermediate 

disturbance hypothesis (IDH) (Grime 1973). The IDH is usually connected with secondary 

succession, but it may have implications in cases of primary succession: my hypothesis was 

that the 1977-78 eruption site was more diverse than the 1910 site, because it was in its early 

successional stage when plant communities were sensitive to small differences in environment, 

leading to higher variations in communities than in later successional stages. 

3.2 Methods 

3.2.1 Location 

The 1910 eruption site was covered with old forest prior to the eruptions (developed after the 

eruptions of 1822 and 1853; Kadomura, Okada, and Araya 1988) which was completely 

destroyed due to the ash fall and topographical changes. One side of the area slid into the lake, 

while another part rose to form Mount Yosomi, a small hill (Katsui et al. 1978). The eruption 

site was not damaged by the 1977-78 and 2000 eruptions, and the area is covered with a 

mixture of broad-leaved forest (Populus suaveolens, Acer pictum, and Kalopanax 

septemlobus), planted Abies sachalinensis forests and an old plantation of A. sachalinensis in 

which broadleaved trees are mixed in. The 1910 eruptions site is referred to as Yosomi 

hereafter. 

 In contrast to Yosomi, the eruptions, damages, and the subsequent revegetation 

processes are well studied at the 1977-78 eruptions site. The eruptions occurred at the summit, 

which was covered with seeded pastures and broad-leaved forests of Populus suaveolens, 

Betula platyphylla var. japonica, Ulmus davidiana, and Acer pictum ssp. mono prior to the 

eruptions (Tsuyuzaki 1987). The tephra explosions destroyed the summit except some of the 

northern and north-eastern areas (Katsui 1981). Due to the thick tephra deposits, for several 

years the vegetation recovered mostly by vegetative reproduction which spread from the 

edges of the site. The dominant species were Fallopia sachalinensis, Petasites japonicus, and 

Populus suaveolens (Kadomura et al. 1988; Tsuyuzaki 1989a). 

 Pioneer plants started to establish less than five years after the eruptions (Tsuyuzaki 

1987), and revegetation happened faster at the caldera rim where rain and snow washed away 

the volcanic deposits and exposed plant propagules buried in the former topsoil. In the crater 

basin, the thick tephra slowed down succession by three years relatively to the caldera rim 

(Tsuyuzaki and Haruki 1996b). Parts of the summit area were subject to aerial seeding and 
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planting to stabilize the ground surface (Kadomura et al. 1988). At present the caldera rim is 

covered by a mixture of natural broad-leaved forest (Populus suaveolens, Acer pictum), 

planted broad-leaved forest (Betula platyphylla, Sorbus commixta, Salix spp., Alnus hirsuta) 

and planted conifer forest (Picea glehnii). Large areas of the crater basin are still in the early 

successional stages and covered by bare ground or grassland, while a smaller area is covered 

by an open P. suaveolens forest. The 1977-78 eruptions site is called the summit 

henceforward. 

3.2.2 Field survey 

Satellite and aerial images taken during 1972–2015 (Table 2) were used to identify areas 

impacted by the 1910 and 1977-78 eruptions. Within the eruption areas, several forest types 

were identified by supervised classification during image analysis and verified by field 

observations. These forest types are called at Yosomi as Broadleaf, Abies, and Mixed forests, 

and at the summit as Closed-broadleaf, Open-broadleaf, Sorbus-Alnus, and Picea forests 

(Figure 3.1). The Closed- and Open-broadleaf forests regenerated after the eruptions naturally, 

but light intensity was lower in the former. In each of these forest types multiple random 

locations were generated (stratified random two-stage sampling), excluding steep areas for 

safety reasons (identified using the ASTGT digital elevation map, ASTER 2011). 

Randomization was done using the ArcGIS random point generator function observing a 

minimum distance of 5 m between the points and from the given forest type edge. For every 

forest type, five plots were established from these randomly selected points and monitored 

from 2015 to 2019. 

The plots for tree census were 5 m × 5 m in 2015 but were enlarged to 10 m × 10 m 

for five forest types in 2016 and for the remaining two forest types in 2019 (Open-broadleaf 

and Picea forests). Tree density did not change between the years, apart when a strong 

typhoon in 2016 uprooted and broke several trees in certain plots. Four of the Mixed forest 

plots were not monitored after the typhoon due to damages from fallen trees and heavy 

machines used to remove the trunks. Plots in the Sorbus-Alnus and Picea forests also suffered 

tree falls, but monitoring continued in them as only slight damages occurred. To exclude the 

effects of the typhoon, canopy diversity was calculated by re-constructing the 2016 conditions. 

In 2015, two randomly selected quadrats (1 m × 1 m) were used for understorey 

vegetation (herb layer, less than 2 m in height) survey in every plot, but in the subsequent 

years the number of quadrats was increased to four. Cover percentage and aboveground shoot 
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density were recorded for every plant rooted inside the quadrat; the latter was either counted 

or estimated in an interval scale if counting was not possible (Table 3.1). The shoot density 

and the midpoint of the interval categories correlated well (r = 0.93, P < 0.001). Therefore, 

the midpoints of the intervals were used in the absence of exact density scores. Cover was 

recorded at 5% intervals. Unidentified plants were photographed and identified in the lab. If 

species could not be identified, they were treated at genus or family level and included in the 

diversity analysis. 

Plots and quadrats were surveyed once a year during August or September, when 

understorey herbs were easy to record. To ensure that this early autumn survey is 

representative for year-around conditions, the herbs were surveyed at an additional time 

during June or July in 2016 and 2017. 

In four plots of the Mixed forests the quadrats were not monitored from 2017 because 

of the typhoon damage. 

3.2.3 Biodiversity measurements 

Plant species diversity was measured at three levels: canopy, herb layer, and total diversity. 

Canopy diversity was based on the stem number of woody species with a DBH above 3 cm; 

herb layer diversity was based on shoot number or cover of plants smaller than 2 m; and total 

diversity was calculated as the mean of canopy and herb layer diversity scores. 

Diversity was evaluated by the true diversity index (Jurasinski and Koch 2011; 

Moreno and Rodríguez 2011; Tuomisto 2011), also known as Hill numbers (Hill 1973), 

because true diversity measures the effective species number, which is easier to compare 

among sites than the Shannon index and Simpson index (Jost 2006). The α-, β- 

(multiplicative) and γ true diversity indices were calculated for order 0 (N0, species richness), 

order 1 (N1, all species equally important), and order 2 (N2, sensitive to common species) 

using the equations of Jost (2006). Order 0 is based on presence-absence, while order 1 and 2 

take abundance into account. Order 1 incorporates the relative abundance of all species 

equally, whereas order 2 emphasizes common species, giving more weight to their relative 

abundance (less influence of rare species). 

3.2.4 Statistical analysis 

Vegetation surveys in autumn and summer, and diversities evaluated by cover and density 

were compared by linear models (LM) and Pearson’s correlation coefficient (r). The dominant 
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herb layer species were ranked by total shoot density and cover percentage: the scores of each 

species were added from the four quadrats to calculate plot cover and density. Because a 

species could have been observed in any of the 5 plots in a forest type and in any of the 5 

observation years, the average species score was calculated by summing annual scores and 

dividing the sum by 25 —except for the Mixed forest, where the sum was divided by 13 (5-5 

plots in 2015–2016, and 1 plot in 2017–2019). The differences in species composition 

between the plots were measured by Bray-Curtis dissimilarity index (Bray and Curtis 1957) 

and compared by non-metric multidimensional scaling (nMDS) using the vegan package in R 

(Oksanen et al. 2019). ANOSIM was used to determine the uniqueness of forest groupings 

with ten thousand permutations. True diversities of order 0-2 were calculated for every plot 

from their quadrats as γ-diversity, and α-, γ-, and β-diversities were calculated for every forest 

from their plots annually. Canopy diversities were calculated for only 2016 conditions. 

I used generalized linear models (GLM, log-normal distribution) and general linear 

hypotheses comparison (GLH, Hothorn, Bretz, and Westfall 2008) to compare the canopy 

diversities, where the explanatory variables were the forest type, and the dependent variables 

were the ordered diversities at plot level or α-, β-, and γ-diversities at the forest level. For herb 

layer diversity, linear mixed models (LMM, (Bates et al. 2015; Lüdecke 2021) and GLH were 

used to compare plot diversities of order 0–2, where year was the random effect, and 

generalized linear mixed-effects models (GLMM, log-normal distribution) were used to 

compare α-, β-, and γ-diversities, where the fixed effects were forest type and order of 

diversity and the random factor was the year of survey. Data from 2015 was excluded from 

the statistical analysis of the herb layer diversity because smaller area was sampled in that 

year. Spatial autocorrelation was examined by Moran’s I (Moran 1950), and the effect of 

elevation on the different order of diversities was tested with LM. All analyses were 

conducted in R programming environment (Edwards 2020; Hlavac 2018; Pedersen 2020; R 

Core Team 2018; Wickham et al. 2019; Wickham and Seidel 2020). 

3.3 Results 

3.3.1 Summer and autumn diversities 

The summer and autumn plant diversity indices correlated well, with Pearson correlation 

coefficients ranging from 0.89 to 0.96 for density, and 0.82 to 0.93 for cover, in 2016 and 

2017, respectively (Figure 3.2). Although species richness, density, and cover were greater 
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during the summer surveys than during the autumn ones, the diversities in autumn and 

summer followed similar patterns. This similarity indicated that the autumn diversity indices 

described year-round vegetation diversity with high accuracy. 

3.3.2 Species composition 

The dominant species differed within the forest types depending on whether species were 

ranked by density or cover (Table 3.2), but the rankings of all species correlated with each 

other (Kendall’s tau between 0.80–0.85 for all forest types). Therefore, the dominant species 

description was based on the density ranking. 

 At the summit, Pyrola asarifolia, Fallopia sachalinensis, and Petasites japonicus 

were observed in most forest types. At Yosomi, Rhus ambigua and Sanicula chinensis 

established in two or more of the forest types. Species common at both sites were Asperula 

odorata and Hydrangea petiolaris. A few species ranked only in certain forests: at the summit, 

S. chinensis and Ranunculus repens were recorded in the Closed-broadleaf forest, Artemisia 

montana and Trifolium repens in the Open-broadleaf forest, Celastrus orbiculatus and 

Stellaria media in the Sorbus-Alnus forest, R. ambigua in the Picea forest. At Yosomi, the 

dominant species of the Mixed forest was different from that of other forests, with Abies 

sachalinensis and three other species being unique to it. Dominant species of the Broadleaf 

forest were Onoclea orientalis and Acer pictum saplings, while in the Abies plantation 

Hylodesmum podocarpum and Phryma leptostachya occurred most often. 

The tree composition of the forests varied between the naturally regenerated forests 

and plantations (Table 3.3). At the summit, Salix ssp. and Betula spp. were common in all 

forests, and Populus suaveolens occurred everywhere except for the Sorbus-Alnus forest. The 

dominant species of the conifer plantation was Picea glehnii, but Populus suaveolens and 

Salix spp. naturally immigrated from outside the plantation. The Sorbus-Alnus plantation had 

low immigration and emigration rates, shown by the high number of unique species, such as 

Sorbus commixta and Alnus spp. The natural broadleaved forests were rich in P. suaveolens 

and Acer pictum. 

At Yosomi, the common tree species were Abies sachalinensis, Morus australis, P. 

suaveolens, and Alnus hirsuta. The Broadleaf tree composition resembled the natural forest 

characteristic of the area around Mount Usu. The Mixed forest had a higher density of 

immigrating species than the Abies forest, and among the ranked species, Hydrangea 

paniculata and Swida controversa were recorded only there. The dominant species of the 
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broadleaved forests, Acer spp. and Kalopanax septemlobus, did not occur in high density in 

other forests. In the Abies forest the planted A. sachalinensis was the most dominant, and 

other species only had low density, such as Magnolia kobus and Betula platyphylla. 

3.3.3 Species ordination 

The nMDS by density distinguished the forest types and showed distinct groups both on herb 

(ANOSIM, r = 0.57, P < 0.001) and tree compositions (r = 0.88, p < 0.001). The summit 

forests occupied the right half of the multidimensional space along the first axis, while the 

Yosomi forests occupied the left half (Figure 3.3a). The herb layer composition overlapped 

within the Yosomi forest plots, although the Mixed forest plots remained separated from the 

other forest plots (characteristic species: e.g., H. paniculata, A. sachalinensis). At the summit, 

the Picea plots displayed large variations, one of its plots being positioned far away from the 

others. In this plot the forest floor was covered with needle leaves and little light reached the 

ground surface, resulting in no understorey herbs (pers. obs.). The Sorbus-Alnus forest plots 

also displayed distinct herb layer species composition, locating in the upper part of the nMDS 

space (e.g., Urtica platyphylla, Adoxa moschatellina, Circaea mollis). 

 The tree species composition showed greater differences than the herb layer 

composition of the forests and had distinct positions in the nMDS space (Figure 3.3b). The 

canopy plots of the forest types were almost always closest to their own forest centroid than to 

other centroids, whereas this was not true for many herb plots. The Yosomi forests clearly 

separated from each other, while at the summit, the Closed- and Open-broadleaf plots had 

overlapping tree compositions, but the other forest plots formed unique groups. 

 Tree composition of the canopy changed little during the five years, except for 

typhoon damages (Table 3.4). However, the herb layer composition of the forests altered 

during the years: the scores of summit forests displayed leftward movement, and those of 

Yosomi forests generally displayed downward movements in the nMDS space apart from the 

Broadleaf forest (Figure 3.4). The relative position of the forest types did not change within 

Yosomi and the summit, but as the summit forests were located on the right side in the nMDS 

space and the Yosomi forests on the left, the young summit forests’ scores moved towards the 

mature Yosomi forest communities. The movement was slow, except between 2015 and 2016, 

when a large shift occurred in the herb communities, probably as a result of the doubling of 

the herb survey area between those years. At Yosomi, no large shift was observed between 

2015 and 2016, suggesting that increasing the surveyed area had less effect there. 
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3.3.4 Forest diversities 

Cover and density based diversities had high correlation (Spearman’s r = 0.85), so only the 

density based diversity analysis was presented here. The herb level plot diversities showed 

different tendencies depending on their order (Figure 3.5). N0, i.e., species richness, tended to 

increase with time, even after doubling the quadrat area from 2015 to 2016. When abundance 

of the species was included, i.e., using N1 and N2, the plot diversity displayed little change 

over the years (the survey year explained 18% variation for N0 and 1% for N1, 2, Figure 3.6). 

The forest level diversities calculated from the five plots showed that the γ-diversities 

differed depending on which order was used, but that natural broadleaved forests had 

consistently high diversity scores. The β-diversities were higher at the summit than at Yosomi, 

with Closed-broadleaf forest having the highest scores for N0, 1 and Picea forest for N2 (Figure 

3.7, Table 3.5). N0 showed that the Mixed and Picea forests had the lowest scores (t = -5.7 and 

t = -6.3, GLMM with log-normal distribution, P < 0.001) and the Closed-broadleaf forest had 

the highest scores (t = 2.5, P < 0.05). As the order increased, the Picea forest showed higher 

scores and placed among the most diverse forests (t = 2.8, P < 0.01), while the scores of the 

Sorbus-Alnus forest remained low (t = -1.1, NS). 

 The canopy level plot diversities showed that the mature Yosomi forests, apart from 

the Abies plantation, were more diverse than the young summit forests. The forest with the 

most diverse tree composition and highest species richness was the Broadleaf forest (GLM, P 

< 0.001, Figure 3.8), while the Abies plantation showed the lowest plot diversity (P < 0.001, t 

= -3.8 – -5.0). Forest level diversities showed that the Broadleaf forest had low β- , but 

highest γ-diversity, whereas Mixed forest had the highest β-diversity (Figure 3.9). At the 

summit, both the Closed-broadleaf and the Picea forests had high α-, β-, and γ-diversities, and 

the Open-broadleaf forest had low diversities. 

 The herb layer and canopy diversities were not related (Figure 3.10), especially when 

presence-absence data were used. N0, 1 was higher for herb layer than for canopy in the case of 

α- and γ-diversity, but N2 was similar. The canopy showed higher β-diversity than the herb 

layer at both sites, indicating that the tree composition was more heterogeneous than the herb 

layer composition. With increasing order of diversity, the Picea plantation changed from the 

least diverse forest to one of the most diverse forest. 
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3.3.5 Spatial autocorrelation and elevation 

Moran’s I showed, that N0 of herb layer spatially autocorrelated (I = 0.1, P = 0.03). However, 

if calculated by density (N1, 2), autocorrelation did not occur (P = 0.23 and 0.66 respectively). 

If the diversities were calculated by cover, the spatial autocorrelation was significant at N1, 2 

(P = 0.04 and P = 0.05). When the Yosomi and summit plots were analyzed separately, spatial 

autocorrelation was present only between cover-based diversities and both cover and density 

based richness at the summit. Elevation did not influence any order of diversities, depending 

neither on whether it was calculated by cover or density, nor on whether all plots were 

analyzed together or separated into Yosomi and summit. 

3.4 Discussion 

3.4.1 Differences in canopy and herb layer responses to early successional events 

The herb layer was less influenced by the early successional events (i.e., plantation) than the 

tree species composition, shown by the overlap of herb layer composition between the forests. 

Canopy composition remained different among the forests while the eruption sites were 

distinguishable during ordination. Tree establishment in the early successional stages often 

determines the trajectory of succession (Mudrák, Doležal, and Frouz 2016), and in later stages 

the canopy and herb layer mutually influences each other’s successional trajectories (Gilliam 

2007). On Mount Usu, the Sorbus-Alnus forest displayed distinct canopy and herb layer 

composition, suggesting that the woody species affected the development of the herb layer. 

Dispersal limitation is known to influence the understorey species composition (Baeten et al. 

2015; Graae, Hansen, and Sunde 2004; Verheyen et al. 2003), but the Sorbus-Alnus forest 

was close to forests surrounding the summit and to the Closed-broadleaf forest. Therefore, its 

herb layer composition was unlikely to be restricted by seed dispersal, but by competition for 

resources (Bourgeois, Vanasse, and Poulin 2016). In the other forests, the herb composition 

was weakly influenced by the canopy composition and diversity (Halpern and Lutz 2013). 

Natural succession was slow on the summit where the tephra had been accumulated 

(Tsuyuzaki and Haruki 1996a), and this delay remained detectable on the canopy cover of 

Open-broadleaf forest. The Open-broadleaf forest lay farther away from the other forests and 

had not been connected to seed sources after the eruptions, so the seed dispersion and 

establishment were limited (Jones and del Moral 2009). Areas with slow revegetation 

immediately after the disturbance developed the plant cover faster in later stages on Mount St. 
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Helens, Surtsey, and Usu (del Moral and Magnússon 2014; Tsuyuzaki 2019). However, the 

succession at the Open-broadleaf forest was slow to start and slow to progress. In the early 

successional stages, plants often facilitate the establishment, survival, and growth of each 

other, accelerating revegetation (Cutler et al. 2008). These positive effects were 

counterbalanced by the harsh conditions, low seed immigration rate, and lack of vegetative 

reproduction at the Open-broadleaf forest at the beginning of the succession, delaying the 

development of closed canopy forest. 

The Yosomi forests had higher herb layer species richness, but lower N1, 2 than the 

summit forests, mostly due to high β-diversities at the summit. This indicated that the forests 

at the summit had higher inter-plot variations, especially in the case of Picea plantation. 

However, the canopy diversity showed opposing trend: the Yosomi forests had higher 

richness and diversity values than the summit forests. Because the herb layer was more 

diverse than the canopy layer at the summit and vice versa at the Yosomi, the total diversities 

were not different between the forest types. The opposing relationship between canopy and 

herb layer diversity at Yosomi and the summit suggests that if the canopy and herb layer 

followed an IDH like curve by time, they moved at different pace. 

3.4.2 Active management versus passive restoration 

The plantations retained their non-native tree species and restricted the establishment of 

native trees in them. Active management of post-disturbance areas often decreases native 

species immigration: the landscape alien Larix kaempferi plantation on the volcano Mount 

Koma impeded the development of natural forests (Kondo and Tsuyuzaki 1999), and trees 

grew slower on seeded plots than on unseeded ones on Mount St. Helens (Dale and Adams 

2003). Although native species started to immigrate into the Picea forest by seed immigration 

from the surrounding natural forests, the process is slow (Cain et al. 1998; Sorrells and 

Warren 2011), shown also by the low ratio of broadleaved trees in the older Mixed forest at 

Yosomi. At Mount St. Helens, it took more than 30 years after the eruptions for most of the 

original species to re-establish (del Moral and Wood 2012). The present study covered areas 

40 and 110 years after the eruptions, and the species composition remained different between 

the two sites, indicating that re-establishment was still in progress at the summit, 40 years 

after the eruptions. 

Tree plantations often fostered and increased heterogeneity: the mosaic structure of the 

Picea forest resulted in high β-diversity scores because the quadrats falling between the rows 
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of trees included more species than quadrats falling below the trees; similarly, the Abies 

plantation had the highest β-diversity at Yosomi. The heterogeneous nature of the planting 

resembles thinning, which is an often used management strategy to increase the diversity of 

understory species (Kitagawa, Ueno, and Masaki 2017). While thinning may result in a 

decrease of diversity due to the machines used (Nagai and Yoshida 2006), the high β-diversity 

scores of the plantations suggest that spacious planting design has long-lasting positive impact 

without additional management. 

Active management often delays the establishment of native species (Dale and Adams 

2003; Kondo and Tsuyuzaki 1999) whereas non-intervention is a cost-effective and successful 

restoration approach (Mansourian et al. 2005; Prach and Hobbs 2008) when monitored 

properly (Gilbert and Anderson 1998). When comparing the coniferous Picea with the 

broadleaved Sorbus-Alnus plantation, the plot diversity was higher in the Sorbus-Alnus forest, 

but forest level α-, β-, and γ-diversities were lower. In addition, the common P. suaveolens 

did not establish in the Sorbus-Alnus plantation, as the conditions needed for its establishment 

are different from that of to survive as an adult (Young et al. 2005). So even though the 

Sorbus-Alnus forest was successful in the context of recovering cover quickly, it was not 

successful in the context of promoting high diversity (del Moral, Walker, and Bakker 2007), 

falling behind naturally recovered forests. 

3.4.3 Resilience to post-disturbances: the impact of the typhoon 

The plantations suffered intensive tree damage both at the summit and at Yosomi, showing 

that even though plantations had comparable herb diversity to natural forests, they were more 

sensitive to post-disturbances. Although wind speed is influenced by the terrain (Nakajima et 

al. 2009), the forests were located close to each other suggesting that wind speed was not the 

cause of the differences. At the summit, the soil layer was thin and planted trees were not able 

to reach deep enough to secure themselves: the Sorbus-Alnus forest was planted on landslide 

prevention dams and sandbags, and the Picea spp. were planted so close that their roots inter-

vined, one falling tree pulling 6-8 other trees in the row with itself. The frequency of typhoons 

and other extreme weather events are predicted to increase due to climate change (IPCC 

2013). Therefore, restoration activities need to aim not only to reach healthy ecosystems, but 

also to create resilient ecosystems. 
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3.5 Conclusion 

Management activities and stochastic events influenced the development of forest 

communities, and their effects were larger on the canopy than on the understorey species. 

While canopy diversities were lower at the summit than at Yosomi, herb layer diversities were 

higher. The conifer and broadleaved plantations had fewer canopy species than the naturally 

recovered forests around the plantations, although the β-diversity of the Picea plantation was 

high due to its mosaicked structure. The herb layer diversity was less influenced by 

management activities than canopy diversity, but the herb layer composition was different 

between natural and planted forests. The aim of restoration is complex as it has to cater for the 

needs of both people and nature (Prach and Walker 2020) and setting goals is difficult in an 

ever-changing environment (White and Bratton 1980). Native species dispersed to plantations 

with time, but the process was slow; additional actions are needed to foster the transition of 

plantations into forests (Bourgeois et al. 2016), and improve their resilience to secondary 

disturbances.
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Tables and figures 

 

Figure 3.1 The forest types and plots examined during the study. The first three forests in the 

legend box are at Yosomi (old plots) and the last four are at the summit (young plots). 

 

Table 3.1 Research design on annual monitoring. For all years cover and density were 

recorded in early autumn, with additional summer surveys in 2016 and 2017. Species cover is 

recorded at 5 % intervals, while density was either recorded as aboveground shoot number or 

on an interval scale. “Yes” indicates surveyed, “No” indicates not surveyed. 

  

2015 2016 2017 2018 2019 
Density level 

intervals 

Cover 
Summer No Yes Yes No No 1-5 

Autumn Yes Yes Yes Yes Yes 6-10 

Density 
Summer No Yes Yes No No 11-25 

Autumn No No Yes Yes Yes 26-50 

Density 

intervals 

Summer No No No No No 51-100 

Autumn Yes Yes Yes No Yes 100 < 
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Figure 3.2 Correlations between summer (June-July) and autumn (Aug-Sep) true diversities of 

order 0, 1, and 2. Plot (a) and (b) show density based true diversities in 2016 and 2017, 

respectively, while plot (c) and (d) shows cover based diversities. R
2
 is the coefficient of 

determination. P < 0.001 in all cases. 
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Table 3.2 Ranking and scores of dominant herb layer species by forest types. The rank is 

determined by the mean scores from 2015–2019 (shown in parentheses). Density based 

ranking is marked by n and cover based ranking is marked by %. Only species with a rank of 

1-5 are shown. 

 

Summit 

Closed-broadleaf Open-broadleaf Sorbus-Alnus Picea 

n % n % n % n % 

Artemisia montana 
  

2 (41.7) 1 (49.8) 
    

Asperula odorata 1 (71.5) 2 (23.2) 1 (63.8) 2 (23.8) 2 (56.2) 1 (27.4) 
  

Celastrus orbiculatus 
    

10 (4.1) 9 (10.4) 
  

Fallopia sachalinensis 4 (15.0) 1 (31.6) 10 (4.4) 5 (16.8) 
  

1 (8.5) 1 (15.8) 

Geum macrophyllum var. 

sachalinense     
5 (9.4) 6 (18.0) 

  

Hydrangea petiolaris 
    

4 (21.6) 1 (27.4) 3 (2.9) 4 (4.0) 

Onoclea orientalis 
    

6 (6.6) 4 (22.6) 
  

Petasites japonicus 11 (4.2) 4 (20.8) 11 (4.0) 4 (20.0) 8 (4.4) 5 (20.8) 5 (1.7) 2 (6.2) 

Pilea pumila 
    

1 (62.0) 3 (23.2) 
  

Pyrola asarifolia 2 (25.7) 3 (22.4) 3 (22.8) 5 (16.8) 
  

2 (3.3) 8 (3.0) 

Ranunculus repens 3 (21.3) 5 (16.8) 
      

Rhus ambigua 
      

11 (1.1) 5 (3.4) 

Sanicula chinensis 5 (12.8) 10 (11.6) 
      

Solidago virgaurea var. 

asiatica   
5 (10.4) 2 (23.8) 

  
4 (2.7) 3 (5.0) 

Stellaria media 
    

3 (29.8) 8 (13.8) 
  

Trifolium repens 
  

4 (18.0) 11 (8.8) 
    

         

Yosomi 

Broadleaf Mixed Abies 
  

n % n % n % 
  

Abies sachalinensis 
  

2 (21.7) 2 (25.8) 

    Acer pictum 6 (8.8) 3 (25.0) 

      Asperula odorata 1 (74.3) 4 (24.4) 1 (28.9) 6 (14.6) 1 (69.1) 2 (25.2) 

  Disporum sessile 5 (11.5) 5 (20.8) 

      Dryopteris crassirhizoma 

 
 

9 (2.5) 1 (30.0) 

    Hydrangea petiolaris 

 
 

3 (14.4) 3 (23.1) 

    Hylodesmum 

podocarpum 

    

5 (9.4) 5 (17.4) 

  Onoclea orientalis 4 (11.9) 2 (28.4) 

      Phryma leptostachya 

    

4 (13.8) 3 (18.6) 

  Rhus ambigua 2 (17.3) 1 (31.6) 4 (12.0) 4 (19.6) 2 (19.2) 1 (42.8) 

  Sanicula chinensis 3 (16.3) 5 (20.8) 

  

3 (15.7) 4 (18.0) 

  Schizophragma 

hydrangoides 

  

5 (11.1) 5 (16.5) 
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Table 3.3 Ranking and stem number of dominant trees by forest types. Only the first five 

dominant species are displayed with stem number in parentheses. 

 

Summit 

Closed-

broadleaf 

Open-

broadleaf 

Sorbus-

Alnus Picea 

Acer pictum subsp. mono 2 (32) 5   (4) 

  Alnus hirsuta 

  

3 (19) 

 Alnus viridis subsp. maximowiczii 

  

5   (4) 

 Betula ermanii 

 

4   (3) 

 

4    (5) 

Betula maximowicziana 4   (5) 

   Betula platyphylla 

 

3   (8) 4 (16) 

 Larix kaempferi 

 

5   (2) 

  Picea glehnii 

   

1 (133) 

Populus suaveolens 1 (51) 1 (41) 

 

2  (26) 

Salix caprea 

 

5   (2) 

 

3    (9) 

Salix gracilistyla 

 

5   (2) 

  Salix udensis 3   (6) 2 (13) 2 (20) 

 Sorbus commixta 

  

1 (22) 

 Ulmus davidiana 5   (4) 

   Viburnum opulus var. clavescens 

   

5    (3) 

     Yosomi Broadleaf Mixed Abies 

 
Abies sachalinensis 

 

1 (28) 1 (62) 

 Acer pictum subsp. mayrii 1 (18) 

   Acer pictum subsp. mono 5   (7) 

   Alnus hirsuta 

 

5   (3) 2   (3) 

 Betula platyphylla 

  

3   (2) 

 Hydrangea paniculata 

 

2 (11) 

  Kalopanax septemlobus 2   (8) 

   Magnolia kobus 

  

3   (2) 

 Morus australis 2   (8) 3   (4) 

  Populus suaveolens 2   (8) 

 

3   (2) 

 Swida controversa 

 

3   (4) 
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Figure 3.3 Non-metric multidimensional scaling of plots based on species composition. (a) 

herb layer scores by density, and (b) canopy layer scores by stem number. Forests are 

abbreviated to their first letters and numbers mark the different plots. Summit forests are 

indicated by (S) and Yosomi forests by (Y). 
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Table 3.4 Typhoon damage in the forests. Percentage of trees broken, fallen, or tilted are 

shown. 

Summit  Yosomi 

Closed-broadleaf 16%  Broadleaf 9% 

Open-broadleaf 5%  Mixed 59% 

Sorbus-Alnus 23%  Abies 0% 

Picea 3%  

   

 

 

Figure 3.4 Annual changes of forests’ scores in the nMDS space by herb layer density. The 

start of the arrow represents 2015 and the arrow-head shows 2019. 
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Figure 3.5 Annual changes in the plot diversities of the forests by diversity orders. The upper 

four rows show the forests at the summit, and lower three rows show the forests at Yosomi. 

Grey lines are individual plots and black lines are their mean. From 2017, only one plot was 

surveyed in the Mixed forests, due to the typhoon damages. The indices are calculated using 

the density of the herb layer shoots. 
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Figure 3.6 The effect of time on the plot diversity of the herb layer. The y axis shows time 

(year) and the x axis shows the variation from the overall model estimate. The graph is based 

on LMM model where year of survey was the random effect and forest type was the fixed 

effect. 

 

 

Figure 3.7 Herb layer diversity in forests evaluated by density of shoots. β-diversity of the 

Mixed forest after 2017 is 1 because of typhoon damages in four plots. The first four forests 

are at the summit. 
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Table 3.5 Statistical summary of forest level herb layer diversity. Mean is shown with 

standard deviation in parentheses, and the first three forests are at Yosomi. Statistical 

significance was calculated by GLMM models (log-normal distribution) using year of survey 

as random effect and forest type as fixed effect. Letters mark significant difference at P <0.05. 

*: P < 0.05, **: P < 0.01, and ***: P < 0.001. 

Order 0 Alpha Beta Gamma 

Broadleaf 19.4 (1.5)*** d 2.3 (0.1)*** a 44.5 (2.6)*** ab 

Mixed 22.7 (7)*** a 1.3 (0.5)*** b 26.2 (3.9)*** c 

Abies 20 (2.4) cd 2.4 (0.1) a 47.5 (5.7) ab 

Closed-broadleaf 20.6 (2.3)*** bc 2.5 (0.1) a 52 (7.5)* a 

Open-broadleaf 22 (3.3)*** ab 2.2 (0.2) a 47 (3.7) ab 

Sorbus-Alnus 18.6 (2)* d 2.1 (0.2) a 40 (6.4) b 

Picea 11 (0.6)*** e 2.1 (0.1) a 23.5 (1.0)*** c 

          Order 1 

         Broadleaf 8.1 (1.1)*** b 1.5 (0.1)*** b 12.5 (2.5)*** ab 

Mixed 10 (2.5)*** a 1.1 (0.3)*** c 11.1 (2.8) b 

Abies 7.8 (0.5) bc 1.5 (0.05) b 11.3 (0.9) b 

Closed-broadleaf 7.7 (0.4) bc 2 (0.02)*** a 15.3 (0.7)** a 

Open-broadleaf 8.6 (0.5) ab 1.6 (0.1) b 13.4 (1.1) ab 

Sorbus-Alnus 6.3 (0.1)*** c 1.7 (0.1) b 10.4 (0.4)* b 

Picea 6.4 (0.8)** c 2 (0.03)*** a 12.9 (1.8) ab 

          Order 2 

         Broadleaf 4.8 (0.8)*** bc 1.3 (0.2)*** ce 6.4 (1.9)*** ab 

Mixed 6.2 (1.8)*** a 1.1 (0.2)** e 6.7 (1.9) ab 

Abies 4.4 (0.4) bc 1.3 (0.1) de 5.5 (0.6) b 

Closed-broadleaf 4.7 (0.1) bc 1.7 (0.1)*** b 7.8 (0.2) ab 

Open-broadleaf 5.3 (0.2) ab 1.4 (0.02) cd 7.3 (0.4) ab 

Sorbus-Alnus 3.6 (0.3)** c 1.6 (0.1)** bc 5.5 (0.5) b 

Picea 4.2 (0.5) bc 2 (0.2)*** a 8.6 (1.9)** a 
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Figure 3.8 Canopy plot diversities based on 2016 conditions. The first four forests are on the 

summit and the others are on Yosomi. Significant differences are determined by GLM (log-

normal distribution) at P < 0.05. 

 

 

Figure 3.9 Forest level canopy diversities.The first four forests are at the summit, the others 

are at Yosomi. Significant differences are determined by GLM (log-normal distribution) at P 

< 0.05. 



77 

 

Figure 3.10 Herb layer, total, and canopy true diversities. The numbers represent order 0 

(species richness), order 1, and order 2. The scores were scaled so that the highest score 

became 1 and the lowest score became 0 in the facets. The first four forests are on the summit. 
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Chapter 4 Light, soil conditions, and seedbank of different forest 

types 40 and 110 years after the eruptions 

 Abstract 

Abiotic factors, such as light, temperature, and nutrient availability in soil, affect the speed 

and trajectory of succession. After established plants improve the harsh conditions, soil 

development patterns became spatially heterogeneous. To examine differences in soil nutrient 

content, temperature, and light between various forests at the 1910 and 1977-78 eruption sites 

of Mount Usu (hereafter, Yosomi and summit), soil samples were collected, and temperature 

and light were recorded in the forests. Soil sampling was performed annually between 2015 

and 2017, and water content, pH, electrical conductivity, nitrogen-, phosphor-, and silica 

content of the soil were measured. The seedbank of the soil samples was examined by seed 

germination in a greenhouse and an incubator. Light and temperature were recorded from 

2016 to 2017. Cluster analysis and nMDS of the soil properties showed that chemical 

properties did not differ among the forests, apart from the Sorbus-Alnus plantation, which 

formed its own group. Alnus spp. are nitrogen-fixers, and they established in large number in 

the Sorbus-Alnus forest; thus, they affected the chemical properties and nutrient content. The 

Sorbus-Alnus forest also had the highest seedbank density (1430 seed/m
2
), while the light and 

temperature were similar among the forests. The seedbank density and percentage similarity 

of the seedbank to the standing vegetation was higher in the summit forests than in the 

Yosomi forests and was largest in the plantations. Temperature did not differ between the 

forests in Yosomi and the summit, but light intensity was higher in the summit forests. The 

plantations had low light density, which likely aided the establishment and survival of 

seedbank species, increasing the percentage similarity. Therefore, light and successional age 

affected more the seedbank and vegetation similarities than temperature and soil chemical 

composition.
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4.1 Introduction 

During primary succession, the environment is harsh; therefore, facilitation and 

environmental amelioration are important to develop the site habitability for the subsequent 

species (del Moral et al. 2007). Tephra produced by volcanic eruptions often covers the soil, 

so the seedbank becomes unavailable and immigrated seeds cannot establish due to the lack of 

nutrients (Hulshof and Spasojevic 2020). Therefore, vegetation recovers slowly on tephra in 

general, but quickly on exposed topsoil on Mount Usu, where the seedbank is present 

(Tsuyuzaki 1995). In areas covered by tephra, seed immigration by wind dispersal is the 

major pathway towards vegetation recovery (Fuller and del Moral 2003). However, the lack 

of nutrients in the volcanic ejecta, especially the low nitrogen concentrations, restricts early 

vegetation development (Bishop et al. 2010). 

 In early successional stages, the effects of soil properties are stronger than in late 

successional stages (van Breugel et al. 2019; Chang et al. 2019). Inter-species facilitation 

prevails competition in the harsh habitats during early stages (Kamijo et al. 2002; Uesaka and 

Tsuyuzaki 2005); for example, nitrogen-fixing plants, such as Alnus spp., facilitate plant 

establishment by increasing the soil nitrogen (N) content after the eruption on Mount St. 

Helens, USA (Titus 2009). The net impact of facilitation and competition depends on the 

species, their life cycles, and successional stages (van der Putten et al. 2013; Titus and Bishop 

2014). Occasionally, species present in the vegetation patches inhibit their own seedling 

recruitment (Kardol et al. 2007; van der Putten et al. 2013), so the species composition is 

different from the seedbank in the soil (Hopfensperger 2007). 

 The seedbank and soil properties in the former topsoil are surveyed after the 1977-78 

eruptions at the summit of Mount Usu (Tsuyuzaki 1989b, 2010a; Tsuyuzaki and Goto 2001), 

but the seedbank and soil properties of the volcanic ejecta have not been surveyed at the 

summit and Yosomi. Soil conditions change during succession due to litter accumulation and 

other factors, such as weathering, affecting seedbank and species composition of the 

understorey layer (Galván-Tejada et al. 2014). Although seeds of the cold temperate region do 

not show marked adaptation to volcanic eruptions, such as darkness, smoke, and heat in the 

volcanic deposits (Tsuyuzaki and Miyoshi 2009), the composition of seedbank affects 

resilience and future successional trajectories (Prach and Walker 2020). Therefore, 

investigating and understanding changes in the seedbank composition over long periods help 
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to focus restoration efforts and detect alien species (Meiners et al. 2015; Perrow and Davy 

2002). 

While facilitation is one of the major interactions among plants during early 

successional stages, competition for light is more dominant in later stages (Cutler et al. 2008). 

Light competition affects understorey communities in forests, as shrubs and trees provide 

protection from extreme environmental conditions (Titus 2009; Uesaka and Tsuyuzaki 2005). 

This chapter aimed to examine the soil properties, seedbank, temperature, and light at the 

Yosomi foothill and summit area of Mount Usu (1910 and 1977-78 eruption sites, 

respectively) to see whether the diversity relations of the forests—explored in the previous 

chapter—are accompanied by distinct environmental characteristics. 

4.2 Methods 

4.2.1 Soil samples 

The study sites and forest plots examined are described in Chapter 3, section 3.2.1. During 

2015–2017, two 100 cm
3
 soil samples were collected from every plot for nutrient analysis and 

for germination experiments. In 2015, one of the soil samples was collected from 0–10 cm 

depth (topsoil) in each plot, and the other one was from 15–25 cm depth (deep-soil). As seed 

germination was low from the deep-soil samples in 2015, two topsoil samples were collected 

from each plot in 2016 and 2017. Soil samples were stored in an incubator below 10°C until 

use, and kept there for more than 6 weeks before germination experiments (Tsuyuzaki and 

Miyoshi 2009). Since four plots of the Mixed forest at the 1910 eruption site were destroyed 

by the typhoon in the late summer of 2016, no samples were collected from them in 2017. 

To avoid underestimation and bias from a single seed germination method (Mesgaran 

et al. 2007), two seed germination methods were applied. One of the two soil samples 

collected from each plot was germinated in greenhouse under natural light conditions (12–14 

ml water/day); the another one was sieved (2 mm > 1 mm > 500 μm in hole size) under 

running water (Mesgaran et al. 2007), and the residues left on the 1 mm and 500 μm sieves 

were incubated on wet filter paper (Whatman No. 1) under a cycle of 25°C/15°C–12h 

light/12h dark conditions. To confirm the efficiency of greenhouse germination, the soil 

samples from 2016 were re-collected after no more seedlings emerged and were wet-sieved 

and incubated as described above. Germination rate was calculated by dividing the number of 

soil samples where at least one seedling was observed by the total number of soil samples. 
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The seedlings were identified to species or higher level genus, with grouping graminoids 

together. Mortality before identification was measured by dividing the number of withered 

seedlings by the number of total seedlings. 

Before the germination experiments started, I took three sets of 5 g soil from every 

sample for soil analysis and measured the following characteristics: gravimetric water content, 

pH, electrical conductivity (EC), nitrogen content (NH4, NO2, NO3, TNi–total dissolved 

inorganic N calculated as their sum, and TNo–total dissolved organic N calculated as TN - 

TNi), phosphor content (PO4, TP–total phosphor, and TPi–total dissolved phosphor) and silica 

content (SiO2). Total nitrogen (TN) and total phosphor (TP) were not measured in 2017. One 

set of the 5 g samples was dried at 37°C for more than 48 hours for gravimetric water content 

measurement calculated as 

(
         

    
)       

where Mwet and Mdry are the weights of soil before and after drying, respectively (Smith and 

Mullins 1991). The second set of 5 g samples was diluted with 50 ml distilled water and 

shaken for more than 1 hour for measuring pH and EC (Lutron WA-2017SD recorder). In 

2017, pH was also measured in situ during the soil collection (Custom, PH-6011A-OM pH 

meter). The third set was diluted with 50 ml 2M KCl (Keeney and Nelson 1983), shook for 

more than 1 hour, and filtered for nutrient analysis (QuAATro TNTP Multi water analyzer, 

Bran Luebbe Co., Tokyo). The samples collected in 2015 were percolated by a filter paper 

(Whatman No. 2), while the samples collected in 2016 and 2017 were additionally filtered by 

a cellulose acetate membrane (ADVANTEC Membrane Filter, pore size 0.45 μm). Until 

measurement, the samples were stored in an incubator below 10°C and were diluted by 

distilled water to either 10 or 20 times concentration before measurement. 

4.2.2 Temperature and light intensity of plots 

From 2015 September 05 to 2017 September 04, temperature (°C) and light intensity (lux) 

was measured at 1 hour intervals by six data loggers (HOBO Pendant Data Logger, Onset). 

The loggers were placed in one of the plots of each forest type at Yosomi, and in one of the 

plots of the Picea, Open- and Closed- broadleaf forest at the summit. The loggers recorded the 

maximum, minimum, and daily mean temperature and light intensity from 24 hours cycles. 
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The data from 2016 was used for the statistical analyses. The position of the Mixed forest 

logger was changed once due to the typhoon in 2016. 

4.2.3 Statistical analysis 

Differences in the chemical properties of the two topsoil samples per plot in 2016 and 2017 

were examined annually by generalized linear model (GLM), where the independent variable 

was the sample ID per plot and the dependent variables were the soil variables measured. The 

two topsoil samples did not differ in their chemical characteristics (GLM, P = 0.07–0.99), so 

the measurements from the two samples were averaged for each plot. The pH measured in situ 

in 2017 did not differ from the pH measured in the laboratory (Kendall’s tau = 0.77); 

therefore, pH measured in the laboratory were used for statistical analysis. The measurement 

ranges of nutrients differed between the years because of the machine calibration; therefore, 

the soil samples were analysed year by year. 

Outliers and measurement errors (e.g., sub-zero levels after machine calibration) were 

deleted from the dataset. The variables were scaled by dividing them with their standard 

deviation. The forest plots were grouped by agglomerative cluster analysis (complete-linkage 

method, Sneath and Sokal 1973) with Manhattan distance dissimilarity matrix made by the 

chemical soil properties and also ordinated by nMDS. 

The seed germination rates between the topsoil–deep-soil samples and between 

greenhouse–incubator methods were compared by 2
-test, while the germination rate of the 

forest types in 2015 was compared by Kruskal-Wallis test. The deep-soil and topsoil seed 

densities were compared by Wilcoxon test because of their non-normal distribution (Shapiro 

test, P < 0.001). The seed densities between the forest types were compared by generalized 

linear mixed model (GLMM) by Poisson distribution with log link, where the forest type was 

the fixed effect and the sampling year was the random effect. The number and species of 

seedlings emerged during the greenhouse and incubator germination experiments were pooled 

to compare the seedbank between the forest types and between the eruption sites. 

Species diversity of the seedbank was examined by comparing the effective species 

number gained from order 0–2 of true diversities (Jost 2006). Order 0 marks the effective 

species richness, order 1 marks the effective species number when all species have equal 

importance, and order 2 when common species are given more weight. Similarities of species 

composition for each plot between the topsoil seedbank and aboveground herb layer 

composition was obtained by Sørensen similarity index (2 × w/(2 × w + a + b), where w was 
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the number of species occurring both in the seedbank and standing vegetation (Chapter 3) and 

a and b are the number of species present only in the seedbank or standing vegetation, 

respectively). The percentage similarity of the forest types was compared by GLM (Poisson 

distribution with log link) summarizing data from 2015 to 2017, while seed diversity was 

compared by LM. Graminoids were not included in the similarity and diversity analysis, 

because they were excluded from the herb layer surveys. 

Because the temperature showed bimodal distribution, Kruskal-Wallis test and 

pairwise Wilcoxon test were used to compare the forest types, while light intensity was 

examined by GLM with log-normal distribution, where forest type was the independent 

variable and light intensity was the dependent variable. All analyses were undertaken in R 

programming environment (Burchett et al. 2017; Hlavac 2018; Oksanen et al. 2019; R Core 

Team 2018; Wickham et al. 2019). 

4.3 Results 

4.3.1 Soil analysis 

The Yosomi and summit plots displayed mixed clustering by their soil properties (Figure 4.1), 

indicating that the soil characteristics did not differ greatly between the forests (Table 4.1). 

Nevertheless, a few distinct groups were shown by the cluster analysis: the Sorbus-Alnus and 

Mixed forest plots mostly formed their own clusters. 

 The nMDS space enclosed by the forest plots also overlapped among the forests, 

although the Open-broadleaf and Sorbus-Alnus forest were relatively separated in 2016 and 

2017. The Open-broadleaf forest was aligned with changes in the pH level, while the Sorbus-

Alnus forest aligned with the TNi content (especially nitrate) and EC. These two forests and 

chemical variables occupied the opposite side of the nMDS space. 

4.3.2 Seed germination 

In total, 390 seedlings emerged during the germination experiments (lasting between 106–149 

days depending on seedling emergence) and 262 of them were identified at species or higher 

level (Appendix 1). The number of taxa was 49. 

The seed germination rates in 2015 were 34% in the deep-soil and 74% in the topsoil 

(2
-test, P < 0.01), independent of the forest types (Kruskal-test, P = 0.9). In total, 44 % of the 

seedlings died before identification. Most species occurred in the topsoil samples with the 
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exceptions of Oenothera biennis and Rumex obtusifolius, which were found only in deep-soil 

in 2015. Therefore, the deep-soil had little contribution to the seedbank and was not included 

in the following analysis. 

In the greenhouse, the seed germination rates were 74%, 71%, and 77% in 2015, 2016, 

and 2017, respectively (Table 4.2). During the re-examination of the 2016 soil samples in 

incubators, nine new seedlings emerged with a corresponding 23% germination rate. The 

germination rate in the greenhouse in 2016 was significantly higher than that of the re-tested 

samples (2
-test, P < 0.001), indicating that the greenhouse treatment induced seed 

germination with only a small number of dormant seeds remaining. The nine additional 

seedlings were included in the analyses. The seedling mortality before identification was 

lowest in 2016 with 20%, while in 2015 and 2017 it was 44% and 37%. 

The germination rate in the incubator was 60% in 2016 and 69% in 2017 (Table 4.2), 

less than the germination rate in the greenhouse, and the number of emerged seedlings was 

also lower than in the greenhouse (111 against 279). The lower germination rate and seedling 

number might be the result of loss of seeds during sieving, although efforts to incubate 

residues from the 250 μm sieve saw the emergence of only two seedlings. Most seeds were 

captured on the 0.5 mm sieve, and the most numerous group was the graminoids among the 

seedlings, similar to the greenhouse samples. The ratio of unidentified species was 12% and 

42% in 2016 and 2017, respectively. 

4.3.3 Seedbank of the eruption sites and forest types 

The mean seed densities in the forests at the summit ranged between 1016–1900/m
2
, while the 

seed densities ranged between 833–1200/m
2
 in the forests at Yosomi (Table 4.3). The highest 

and lowest seed density occurred in the plantations: the Sorbus-Alnus forest had the largest 

seedbank (GLMM, P < 0.001), and the Mixed and Abies forests had the lowest (P < 0.001). 

 The percentage similarity between the seedbank and standing vegetation was low 

across all forest types. The summit forests showed slightly higher similarity, with the Picea 

forest displaying the highest scores (GLM, P < 0.05, Figure 4.2) and the Abies forest 

displaying the lowest. The seed diversity followed the same pattern: the summit forests had 

higher α- and β-diversities than the Yosomi forests (Figure 4.3). The plantations displayed the 

highest diversities, the Sorbus-Alnus being the first followed by the Picea forest. In contrast, 

the planted forests at Yosomi did not display significantly higher diversities. Departing from 

the trend observed in aboveground vegetation in Chapter 3, β-diversity of the seedbanks was 



85 

higher at Yosomi. The seedlings of graminoids appeared in large numbers in every forest type, 

whereas woody species were generally absent (Appendix 1). Summit forests had greater 

proportions of graminoids, with the Picea forest having the largest number of graminoids in 

its seedbank. The seeds of most species displayed a site preference for either the summit or 

Yosomi forests, but there were some common species at the two sites, such as Aralia cordata, 

Pilea spp., or Viola grypoceras, which occurred widely. 

4.3.4 Temperature and light fluctuations 

The broadleaved forests at the summit showed higher light intensity than the forests at 

Yosomi (GLM, t = 5.7 to 12.5, P < 0.001, Table 4.4), while the plantations showed low light 

intensity, with the Picea plantation being the darkest (GLM, t = - 6.5, P < 0.001). The forest 

with the highest light intensity was the Open-broadleaf forest at the summit (t = 12.5, Figure 

4.4). The Mixed forest plantation showed a peak in light intensity after August 2016, because 

the canopy was damaged by the typhoon, but after the logger was re-located, the light 

intensity returned to levels observed before the typhoon. The Open-broadleaf forest also had a 

peak in October 2016, although no perceptible differences were noticed in its surroundings. 

The summit plots had lower temperature than the Yosomi plots (Figure 4.4, Table 4.4). 

However, the Open-broadleaf forest showed no significant differences compared to the 

Yosomi forests (Wilcoxon-test, P = 0.5 to 0.7) due to its open canopy which let more 

sunshine through. The lowest temperature was recorded in the Picea forest at the summit (Tavg 

= 5.61°C, Wilcoxon test, P < 0.01), and the highest one was recorded from the Mixed forest 

at Yosomi (Tavg = 7.65°C). 

4.4 Discussion 

4.4.1 Soil properties 

The chemical properties were in range of those measured at Mount Fuji and Mount St. Helens 

(Yoshitake et al. 2016; Yurkewycz et al. 2014), and compared to the measurements in 1986 

on Mount Usu, the soil pH was higher (Haruki and Tsuyuzaki 2001). The soil characteristics 

were not different between the forest types, except the characteristics of the Sorbus-Alnus 

forest at the summit, which formed its own cluster and also separated in the nMDS space 

from the other forests. The Sorbus-Alnus forest had a high abundance of Alnus trees (Chapter 

3), and Alnus species are nitrogen fixers and facilitate the establishment of late successional 
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species (Kamijo et al. 2002; Titus 2009). During early successional stages, nitrogen limits 

plant development and underground competition for resources, and this limitation may be 

more severe than aboveground competition (Haruki and Tsuyuzaki 2001). In areas where the 

Alnus trees established, the nitrogen level of the soil increased, thus the nutrient content of the 

soil was improved in in the Sorbus-Alnus forest.  

 Even though the soil conditions were not different between the forest types except for 

the Sorbus-Alnus forest, the plant composition and diversity of the forests on Mount Usu 

showed a wide range (Chapter 3). Thus, the plant diversity was neither influenced nor was it 

affected by the nutrient content of the soil. The effects of soil conditions on plant diversity are 

weaker than the effects of time and climate on the volcanic Sanary (Canary islands, north-

western side of African continent, Irl et al. 2019). Correspondingly, soil development exerts 

only weak control over succession on coastal dunes, where competition and regeneration 

determine the successional processes (Lichter 2000). Further factors also influence primary 

succession, like the presence or absence of mycorrhiza (Kwon and Tsuyuzaki 2016; Meiners 

et al. 2015); but as the effect of mycorrhiza is secondary compared to that of the topsoil when 

restoring denuded areas (Jasper 2007), it was not examined here. 

4.4.2 Seedbank 

The seedbank density and diversity were higher in the forests at the summit damaged by the 

1977-78 eruptions than in the forests at Yosomi damaged by the 1910 eruptions, indicating 

that the seedbank density and diversity decreased with successional age. Declining seedbank 

density is often observed during secondary succession with increasing successional age (Hyatt 

and Casper 2000). However, as the seedbank density in the former topsoil 10 years after the 

eruptions was higher at the summit than the density measured in this chapter (Tsuyuzaki 

1989b), the declining trend might change in the future. The recovery of seedbank in temperate 

forests which developed on abandoned agriculture lands has not yet finished even after 150 

years of secondary succession (Plue et al. 2010). Therefore, the seedbank density and 

diversity seemed to move towards climax conditions on Mount Usu, independent of the soil 

properties. 

 The Sorbus-Alnus forest had the highest seed density in the seedbank and together 

with the other summit forests, the percentage similarity between the seedbank and herb layer 

species composition was higher compared to the forests at Yosomi. The similarity of 

seedbank species with standing vegetation is generally low in well-developed forests 
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(Hopfensperger 2007), and decreases with increasing forest age in Belgium where the climate 

is similar (Bossuyt, Heyn, and Hermy 2002). There are several hypotheses why the 

percentage similarity is low in forest habitats, for example late successional species may 

experience increased seed predation, or seeds in the persistent seedbank may not tolerate 

shade (Hopfensperger 2007). I observed the highest similarity scores in the Picea forest which 

was also the darkest forest. This result contradicts the shade intolerance hypothesis. In 

addition, the Open-broadleaf forest, where the light intensity was highest, did not show 

increased similarity between its seedbank and standing vegetation. Although the similarity 

scores were highest in these two forests, the share of graminoids in the seedbank differed 

largely. Graminoids were common in the Picea seedbank but were not observed during the 

herb layer surveys (Chapter 3), whereas graminoids were rare in the seedbank of Open-

broadleaf but established in the plots. The similarity between the seedbank and standing 

vegetation decreases with increasing succession in subalpine meadows and grasslands (Ma, 

Du, and Zhou 2009; Török et al. 2018), so while lack of light could be one of the factors that 

inhibited the establishment of graminoids in the Picea forest, successional age was an 

important factor as well. 

On the species composition, Rumex obtusifolius was the most dominant species in the 

seedbank of the former topsoil for three decades after the 1977-78 eruptions at the summit, a 

remnant of the meadows prior to the eruptions (Tsuyuzaki 2010b). The present study did not 

record any R. obtusifolius seedlings, suggesting that the seedbank either differs widely across 

different locations or that the seeds of R. obtusifolius did not immigrate to the forests. 

4.4.3 Light and temperature 

The average temperatures did not differ among the forest types, but decreased with elevation, 

thus the summit forests had lower temperatures. High elevation slows down succession, partly 

due to the harsh environments and short growing season (Nakashizuka et al. 1993; Tsuyuzaki 

2019). Because the forests at the summit seemed to ameliorate the soil and harsh conditions, 

the herb layer diversity of the summit forests was not affected by the temperature (Chapter 3). 

In addition, low temperatures were supplemented by high light intensity at the summit. 

The Open-broadleaf forest at the summit had the highest light intensity, and the Closed-

broadleaf forest reached higher intensity than the Broadleaf forest at Yosomi. The plantations 

were the darkest forest types both at the summit and at Yosomi, and the understorey of the 

Abies and Picea forests were sparse compared to the broadleaved forests. Competition for 
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light controls the seedling establishment (Hopfensperger 2007), but increased shade aids 

survival (Bourgeois et al. 2016). As the soil characteristics did not differ greatly among the 

surveyed forests, successional age and shade, as a result of management history, should affect 

vegetation development more than cold temperature or soil characteristics. 

4.5 Conclusion 

The soil conditions were similar between the young and mature forests, but the planting of 

Alnus trees changed soil development for long-term. The plantation forests were darker than 

the natural forests, which seemed to increase the similarity between the seedbank and 

standing vegetation. The seedbank density and diversity were higher in the young forests, 

especially under Alnus trees. The soil nutrients limit species establishment during succession 

(Hulshof and Spasojevic 2020), but microclimate and time since disturbance have larger 

impact (Irl et al. 2019). As several young and mature forest plots were clustered in the same 

nMDS groups, the presence of nitrogen-fixing plants and light intensity in the forests had 

larger influence on plant diversity than soil characteristics. 
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Tables and Figures 

 

Figure 4.1 Dendrograms and nMDS scores of plots based on soil chemistry, with 

environmental factors overlaid. The (a, b), (c, d), and (e, f) figures show 2015, 2016, and 2017 

conditions respectively. Abbreviations are: B – Broadleaf, M – Mixed, A – Abies, C – 

Closed-broadleaf, O – Open-broadleaf, S – Sorbus-Alnus, P – Picea forests. 
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Table 4.1 Soil characteristics of the forests. Means are shown with standard deviations in parentheses. The unit of nutrients is μg/g. 

  

Broadleaf Mixed Abies 
 

Closed-broadleaf Open-broadleaf Sorbus-Alnus Picea 

 

2015 63.2 (7.7) 39.4 (2.7) 45.8 (7.5) 

 

57.7 (14.7) 21.4 (5.0) 43.5 (7.7) 18.4 (1.8) 

Water % 2016 53.5 (4.5) 44.8 (5.9) 52.3 (4.7) 

 

63.9 (13.4) 36.2 (9.6) 51.7 (6.0) 45.7 (9.5) 

 

2017 61.6 (4.9) – – 53.9 (7.2) 

 

74.3 (13.3) 42.7 (11.0) 50.7 (7.1) 42.1 (9.4) 

 

2015 7.2 (0.1) 6.6 (0.1) 6.5 (0.2) 

 

6.6 (0.1) 6.7 (0.1) 5.9 (0.2) 6.0 (0.2) 

pH 2016 6.3 (0.1) 6.6 (0.1) 6.3 (0.1) 

 

6.6 (0.1) 6.9 (0.1) 5.6 (0.1) 5.8 (0.1) 

 

2017 6.8 (0.1) – – 6.5 (0.1) 

 

6.9 (0.1) 7.3 (0.1) 5.8 (0.1) 6.1 (0.1) 

 

2015 46.3 (8.3) 34.0 (6.6) 38.3 (7.7) 

 

32.4 (6.2) 29.4 (12.8) 28.4 (7.4) 25.4 (6.2) 

EC 2016 17.8 (1.8) 32.3 (5.7) 15.1 (1.0) 

 

21.7 (3.4) 12.7 (1.6) 27.6 (4.6) 15.7 (2.1) 

 

2017 18.6 (1.7) – – 23.6 (3.6) 

 

37.8 (7.2) 31.3 (8.3) 44.5 (5.0) 21.7 (4.1) 

 

2015 123.1 (15.5) 326.2 (36.0) 165.7 (10.7) 

 

365.7 (73.0) 248.6 (150.7) 411.6 (107.4) 147.5 (36.9) 

TN 2016 239.8 (23.3) 286.1 (35.4) 250.7 (22.0) 

 

384.7 (62.9) 179.4 (17.7) 646.3 (94.2) 402.0 (86.6) 

 

2017 – – – – – – 
 

– – – – – – – – 

 

2015 50.1 (6.6) 208.2 (16.4) 99.3 (16.1) 

 

181.7 (46.4) 43.9 (10.9) 77.5 (17.9) 117.6 (37.0) 

TNo 2016 134.2 (6.7) 161.4 (15.7) 147.6 (16.7) 

 

195.4 (24.9) 116.8 (13.7) 173.2 (13.2) 350.1 (84.0) 

 

2017 – – – – – – 
 

– – – – – – – – 

 

2015 73.0 (17.3) 118.0 (20.8) 66.4 (19.4) 

 

184.1 (58.5) 204.7 (145.0) 334.1 (114.8) 29.9 (2.8) 

TNi 2016 105.6 (20.1) 124.7 (28.1) 103.2 (8.6) 

 

189.3 (60.1) 62.6 (4.6) 473.1 (88.2) 51.9 (3.4) 

 

2017 93.5 (9.1) – – 129.4 (25.6) 

 

194.7 (49.8) 146.9 (54.7) 325.2 (34.3) 164.5 (61.8) 

 

2015 27.8 (1.9) 129.5 (25.2) 30.9 (8.8) 

 

88.7 (21.2) 60.7 (33.9) 28.2 (4.7) 27.1 (4.0) 

NH4 2016 50.3 (6.2) 48.9 (4.3) 48.1 (8.6) 

 

109.1 (52.4) 47.7 (5.6) 50.9 (2.7) 34.1 (4.6) 

 

2017 82.5 (5.7) – – 66.4 (4.4) 

 

86.8 (12.2) 91.6 (13.9) 69.1 (5.6) 197.5 (79.4) 

 

2015 7.8 (0.3) 5.0 (1.0) 7.9 (0.9) 

 

8.4 (1.0) 8.2 (0.4) 7.8 (0.3) 7.4 (0.8) 

NO2 2016 20.8 (0.7) 23.6 (0.3) 23.5 (0.6) 

 

24.3 (0.7) 24.3 (1.1) 22.7 (0.4) 19.3 (0.5) 

 

2017 9.1 (0.5) – – 7.9 (0.3) 

 

8.2 (0.2) 10.3 (0.5) 7.5 (1.1) 5.4 (0.4) 

 

2015 217.2 (74.1) 70.6 (11.7) 177.3 (96.7) 

 

498.5 (247.9) 686.7 (647.8) 1371.7 (513.6) 29.4 (1.7) 

NO3 2016 266.6 (90.4) 352.0 (123.9) 259.6 (37.0) 

 

430.3 (190.9) 80.5 (8.0) 1888.6 (382.9) 86.8 (2.6) 

 

2017 117.9 (29.5) – – 333.9 (106.2) 

 

552.6 (229.9) 321.5 (223.8) 1192.2 (146.5) 42.1 (3.2) 

 

2015 5.9 (1.7) 4.3 (0.5) 6.3 (2.2) 

 

11.9 (4.7) 25.3 (21.1) 8.4 (1.2) 5.2 (1.2) 

TP 2016 10.2 (0.8) 9.7 (0.8) 12.8 (1.3) 

 

19.7 (4.8) 17.5 (2.9) 12.8 (1.3) 22.6 (6.6) 

 

2017 – – – – – – – – – – – – – – – 

 

2015 14.1 (6.6) 1.0 (0.3) 5.9 (4.2) 

 

16.6 (12.2) 67.5 (61.7) 4.6 (2.2) 3.9 (2.6) 

PO4 2016 26.6 (3.0) 25.0 (2.7) 34.8 (5.9) 

 

54.7 (16.1) 40.8 (8.0) 29.5 (4.1) 59.7 (26.3) 

 

2017 38.4 (15.2) – – 26.5 (10.7) 

 

72.2 (22.5) 144.2 (60.0) 34.4 (8.1) 21.6 (6.5) 

 

2015 432.5 (67.4) 487.3 (44.0) 441.4 (101.4) 

 

451.2 (71.9) 209.8 (49.0) 362.8 (78.9) 260.9 (46.5) 

SiO2 2016 361.1 (47.1) 236.0 (23.8) 488.4 (47.6) 

 

393.5 (59.3) 361.4 (59.5) 402.3 (37.7) 550.6 (161.6) 

 

2017 351.3 (24.4) – – 307.5 (16.6) 

 

370.8 (37.6) 358.8 (89.0) 423.3 (36.9) 327.9 (58.1) 
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Table 4.2 Characteristics of the seed germination experiments. 

Greenhouse 

Germination 

rate 

Number of 

seedlings 

Identified 

seedlings Species 

2015 74% 120 67 (56%) 17 

2016 71% 83 66 (80%) 17 

2017 77% 76 48 (63%) 22 

All years 74% 279 181 (65%) 40 

     

Incubator 

Germination 

rate 

Number of 

seedlings 

Identified 

seedlings Species 

2016 

(Greenhouse) 23% 9 7 (78%) 5 

2016 60% 49 43 (88%) 11 

2017 69% 53 31 (58%) 13 

All years 89% 111 81 (73%) 19 

 

 

Table 4.3 Seed density in the seedbank of each forest. Means are shown with standard 

deviation in parentheses, calculated from germination experiments in the greenhouse and 

incubator. Significance is calculated by GLMM (Poisson-log) and P < 0.001 unless otherwise 

marked. Letters indicate difference at P < 0.05. 

Site Forest 2015 2016 2017 Average  

Yosomi 

Broadleaf 2000 (1323) 850 (742) 750 (468) 1200 (1032) c 

Mixed 1700 (1037) 750 (500) 500 (224) 988 (925) e 

Abies 1300 (1440) 550 (411) 650 (548) 833 (920) e 

           

Summit 

Closed-broadleaf 900 (1025) 550 (570) 1600 (1825) 1017 (1245) d 

Open-broadleaf 1400 (1949) 1450 (1081) 850 (720) 1233** (1283) c 

Sorbus-Alnus 2800 (3457) 1600 (1925) 1300 (1242) 1900 (2316) a 

Picea 1900 (1517) 1300 (991) 1200 (371) 1467 (1039) b 
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Figure 4.2 Percentage similarities between the seedbank and herb layer species. Dots show 

individual plot scores, and differences are examined by GLM using Poisson distribution with 

log link. Letters indicate significance differences at P < 0.05. 

 

 

Figure 4.3 Seedbank species diversity. The first three forests are at Yosomi, the others are at 

the summit. Significant differences are determined by LM at P < 0.05. 
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Figure 4.4 Ten days moving average of temperature and light intensity in the forests. The first 

three forests in the legend are at Yosomi, the last three are at the summit. 

 

Table 4.4 Temperature and light intensity in the forests in 2016. Mean is shown with standard 

deviation in parentheses. Significance values are obtained by Wilcoxon test in the case of 

temperature and from GLM (log-normal distribution) in the case of light intensity (P < 0.001). 

Letters indicate difference at P < 0.05. 

Site Forest Temperature (°C) Light intensity (kLux) 

Yosomi 

Broadleaf 7.6 (9.3) a 5.4 (4.6) c 

Mixed 7.7 (9.2) a 2.03 (2.6) d 

Abies 7.4 (9.2) a 1.5 (1.3) d 

        

Summit 

Closed-broadleaf 6.4 (9.6) b
NS

 7.79 (7.64) b 

Open-broadleaf 7.2 (9.4) a 11.26 (9.43) a 

Picea 5.6 (9.6) b* 1.92 (1.44) d 
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General discussion 

To design appropriate management regimes and to restore disturbed habitats, an 

understanding of large scale succession is necessary. Although succession has been studied by 

field observations after 1977-78 eruptions at the summit on Mount Usu (Tsuyuzaki 1987, 

2019) and lately after the 2000 eruptions at Konpira (Obase et al. 2008; Otaki et al. 2016), the 

research areas have been limited. This study combined remote sensing with field surveys and 

examined changes in the vegetation development and diversities of various forest types at 

large scale. By combining remote and field surveys, the study bridged the gap between spatial 

scales and detected local and regional factors. 

 Chapter 1 proposed a new method, called imagery chronosequence, to determine 

vegetation patch dynamics after eruptions differing in scale. Although remote sensing is 

applied to analyse revegetation on a few volcanoes, including Mount St. Helens (De Rose et 

al. 2011; De Schutter et al. 2015; Lawrence and Ripple 2000), those analyses do not clarify 

vegetation patch dynamics because they concentrate on pixel by pixel changes. The imagery 

chronosequence modelled patch dynamics by clustering pixels and detected changes by 

combining different image sources. The results showed that touching patches had lower 

mortality rate and grew faster than isolated patches, especially at the small disturbance site, 

due probably to the facilitation among plants and amelioration. The large scale disturbance 

slowed patch development, and the patch formation and size were important factors in 

revegetation. These indicated that individual patch size was more important than the total 

habitat area, contrary to the habitat amount hypothesis (Fahrig 2013). At the summit, previous 

active management practices, i.e., plantations, were concentrated on contiguous small areas 

(Chapters 2–3); therefore, their effects remained local in the wake of the large scale 

disturbance. The patch dynamics observed by imagery chronosequence indicate that planting 

woody species in patches over a larger area would improve the succession rate and increase β-

diversity by the development of patchy vegetation patterns (Kitagawa et al. 2017). 

 As the resolutions of remote sensors increase spatially and temporarily (Kark, Levin, 

and Phinn 2008; Wulder et al. 2004), creating imagery chronosequences becomes convenient. 

However, the sensor resolution needs to suit the species studied (Paganini et al. 2016; 

Skidmore et al. 2015). Chapter 2 determined that the suitable resolution for estimating the 

diversity of the temperate forests on Mount Usu is 3.2 m, irrespective of whether canopy or 
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total diversities are examined. Although H’ and D are popular to measure diversity (Oldeland 

et al. 2010; Wang and Gamon 2019), J’ and N1, 2 correlated stronger with the spectral 

diversities in the forests on Mount Usu. If spectral diversities and imagery chronosequences 

are combined, patch dynamics could be linked to patch diversity, making it possible to follow 

past changes in diversity or even species composition (Clark et al. 2005; Underwood et al. 

2003). In addition, the combination of these two methods will help to monitor current 

conditions after management activities and to evaluate and modify restoration efforts if 

necessary (Adams et al. 2019; Perrow and Davy 2002). 

 To accurately detect species diversity at large scale, field measurements need to 

support remote sensing (Feilhauer et al. 2014; Wang, Gamon, Schweiger, et al. 2018); 

Chapter 3 and 4 fulfilled this role by concentrating on field observations. Chapter 3 showed 

that the canopy diversity was higher on the Yosomi forests than on the summit forests, while 

the herb layer diversity was lower. These differences were not detected by the spectral 

indicators; thus, the field studies will help to develop and improve spectral indicators to 

estimate species compositional variances. 

Chapter 3 showed that plantations and naturally recovered forests had different species 

composition and diversities, indicating that management histories affected the succession for 

70 years. The impacts of management activities on species recruitment have been shown to 

last 15 and 33 years on Mount St. Helens (Dale and Adams 2003; Fischer et al. 2019); 

Chapter 3 suggests that the effects linger longer. The impact is more characterized if woody 

species are involved (Kondo and Tsuyuzaki 1999) than if only seeding of herbaceous species 

takes place (Uchida 2017). On Mount Usu, the woody plantations displayed lower α- and γ-

diversities, and also differed in their herb layer species composition compared to the natural 

forests, especially, when N-fixing Alnus spp. established. 

 Site amelioration is necessary for the establishment and survival of late successional 

species (Hulshof and Spasojevic 2020). Chapter 4 concluded that the soil chemistry and 

temperature did not greatly affect revegetation on Mount Usu. However, shading and 

successional age influenced the seedbank of the forests: younger forests and dark plantations 

had denser and more diverse seedbank. In addition, the seedbank showed higher similarity to 

standing vegetation in these forests. Remote sensing estimates canopy and surface 

temperature at large scales (Huang et al. 2020; Yi et al. 2020), but does not detect most 

abiotic factors well, such as soil chemistry or seedbank. Both management practices and 

stochastic events influence soil and seedbank characteristics, affecting successional 
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trajectories (Karadimou et al. 2018; Prach and Walker 2020; Walker and del Moral 2003). On 

Mount Usu, stochastic events were less important than management practices; the different 

history of forest management and successional age affected shading and N-content (Bossuyt 

et al. 2002), resulting in more diverse seedbanks in the young plantations at the summit. 

Active management practices, such as plantations, increase ground surface stability, 

but intervene with species recruitment and slow the establishment of subsequent species (Dale 

and Adams 2003; Prach and Hobbs 2008; Young et al. 2005). The various plantations had 

distinct species composition on Mount Usu, but with increasing age the species composition 

changed toward that of naturally recovered forests. The immigration of native species into the 

plantations indicates that management practices had larger impact on the successional 

trajectory than stochastic effects. Global comparison of volcanic disturbances indicates that 

alien species are rare to dominate during primary succession (Prach and Walker 2020). 

However, to prevent the emergence of undesirable communities, monitoring is necessary 

(Bourgeois et al. 2016; Perrow and Davy 2002). For example, seeded herbaceous species 

disappear after native species establish on the Sakurajima volcano, Japan (Uchida 2017), but 

the plantation of alien larch have long-lasting impact on the succession after eruptions on 

Mount Koma, Japan (Kondo and Tsuyuzaki 1999). The present study supported that canopy 

species composition and diversity was more influenced by management history and stochastic 

events than herb layer composition and diversity. Additionally, the canopy species diversity 

was higher at the well-developed Yosomi forests than at the young summit forests, while the 

opposite pattern was observed for the herb layer diversity. 

Assuming that diversity follows a hump-shaped curve in response to time as proposed 

by the IDH (Grime 1973), the canopy diversity was in the increasing section of the curve at 

Yosomi, while the herb layer diversity has been past the peak and declined. Hump-shaped 

diversity patterns are also observed along the disturbance gradient (Chang et al. 2019), but 

finer temporal scale is needed to confirm this pattern after eruptions. The present findings are 

also limited to forest ecosystems, whereas grasslands and shrubs are present on Mount Usu 

and determine later successional stages. 

Successional processes and mechanisms are comparable across geographical distances 

(Tsuyuzaki and del Moral 1995), even though volcanic succession is divergent (Prach and 

Walker 2020). In spite of the distinct species composition observed at plantations, this active 

management facilitated fast revegetation and prevented surface erosion, both of which are 

important aspects to protect human settlements close to disturbed areas (Sakurai 2019). 
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However, the plantations did not compensate the slow succession rate caused by the large 

disturbance often associated with volcanic eruptions. With the advent of remote sensing and 

imagery chronosequence developed here, the success of management activities can be 

monitored effectively and identify areas where field surveys or further interventions are 

needed. 
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Appendix 

Appendix 1 The numbers and species of seeds germinated from the topsoil samples collected 

from the seven forest types on Yosomi and summit. The table shows the total from all years 

and incubation method (2500 cm
3
 soil collected, apart from the Mixed forest, where 1700 cm

3
 

was collected). 

 

Yosomi 
 

Summit 

 

Species 
Broadleaf Mixed Abies 

 
Closed-Br. Open-Br. 

Sorbus-

Alnus 
Picea Total 

Actinidia arguta 1 0 0 
 

0 0 0 1 2 

Amaranthus spp. 0 0 0 
 

0 1 0 0 1 

Anaphalis margaritacea 0 0 0 
 

0 3 0 1 4 

Angelica ursina 0 0 0 
 

1 0 0 0 1 

Aralia cordata 0 1 2 
 

3 0 1 1 8 

Artemisia montana 1 0 0 
 

0 1 6 1 9 

Asperula odorata 0 0 0 
 

0 2 0 0 2 

Aster spp. 0 0 0 
 

0 0 1 0 1 

Aster ageratoides 0 0 0 
 

0 0 0 1 1 

Betula maximowicziana 2 0 3 
 

0 0 0 0 5 

Cardiocrinum cordatum 2 0 1 
 

1 0 0 0 4 

Chenopodium ssp. 0 0 0 
 

0 0 1 0 1 

Chenopodium album 0 3 0 
 

1 0 0 0 4 

Clinopodium micranthum 0 0 0 
 

1 0 0 0 1 

Epilobium montanum 0 0 0 
 

0 2 1 0 3 

Erigeron annuus 0 0 0 
 

0 1 0 1 2 

Erigeron canadensis 0 0 1 
 

0 0 0 0 1 

Erigeron sumatrensis 0 0 0 
 

0 3 0 1 4 

Fallopia sachalinensis 0 0 0 
 

1 4 0 0 5 

Geum macrophyllum 0 0 0 
 

0 0 1 0 1 

Graminoids 5 5 9 
 

13 22 24 30 108 

Hydrangea petiolaris 0 1 1 
 

1 0 1 0 4 

Hypericum erectum 0 0 0 
 

1 0 0 0 1 

Ixeris dentata 0 0 0 
 

0 0 1 0 1 

Lotus corniculatus 0 0 0 
 

0 0 0 1 1 

Medicago lupulina 0 0 0 
 

0 0 1 0 1 

Moehringia lateriflora 0 0 0 
 

0 0 3 0 3 

Oenothera biennis 0 0 0 
 

0 0 0 2 2 

Patrinia villosa 0 0 1 
 

0 1 0 2 4 
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Petasites japonicus 0 0 0 
 

0 0 0 1 1 

Picris hieracioides 0 0 0 
 

0 2 1 2 5 

Pilea hamaoi 4 2 1 
 

0 0 0 0 7 

Pilea pumila 1 0 0 
 

0 1 8 0 10 

Plantago asiatica 0 0 0 
 

0 2 0 0 2 

Polygonaceae 0 0 0 
 

0 0 0 1 1 

Polygonum aviculare 0 1 0 
 

0 0 0 0 1 

Polygonum sachalinense 0 0 0 
 

0 0 2 0 2 

Ranunculus repens 0 0 0 
 

2 0 0 0 2 

Rorippa indica 0 1 0 
 

1 0 0 0 2 

Solidago virgaurea 0 0 0 
 

2 1 0 1 4 

Sorbus commixta 1 0 0 
 

0 0 0 0 1 

Stellaria aquatica 0 0 0 
 

0 0 6 0 6 

Stellaria media 0 0 0 
 

0 0 1 0 1 

Syringa japonica 1 0 0 
 

0 0 0 0 1 

Trifolium pratense 0 0 0 
 

0 0 2 2 4 

Ulmus davidiana 2 0 0 
 

0 0 0 0 2 

Viola grypoceras 8 3 1 
 

7 0 6 0 25 

Total 28 17 20 

 

35 46 67 49 262 

 


